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� MPAEs was for the first time determined in drinking water.
� The percentages of PAEs from drinking water that accounted for daily intakes were 0.05%e2.76%.
� The percentages of MPAEs from drinking water that accounted for the urinary concentrations were 0.02%e0.86%.
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a b s t r a c t

Although phthalates (PAEs) are ubiquitous in drinking water, and phthalate monoesters (MPAEs) have
been recognized as the bioactive metabolites of PAEs, little information is available regarding the
occurrence of MPAEs in drinking water and the contributions of PAEs and MPAEs to human exposure. In
this study, the concentrations of PAEs and MPAEs in 146 samples of drinking water collected from 24
cities throughout China were determined. The mean concentrations of dimethyl phthalate (DMP), diethyl
phthalate (DEP), diisobutyl phthalate (DiBP), di-n-butyl phthalate (DnBP), and di-2-ethylhexyl phthalate
(DEHP) were 14.31± 26.28, 5.905 ± 11.57, 103.8 ± 310.5, 595.9 ± 1794, and 178.2± 422.0 ng/L, respec-
tively. Monomethyl phthalate (MMP), monoethyl phthalate (MEP), monoisobutyl phthalate (MiBP),
mono-n-butyl phthalate (MnBP), and mono-2-ethylhexyl phthalate (MEHP) were detected in drinking
water for the first time, at mean concentrations of 12.1± 18.0, 2.4± 5.8, 11.3± 37.2, 36.3± 103, and
9.9 ± 18.0 ng/L, respectively. The geometric mean concentrations of MMP, MEP, MiBP, MnBP, and MEHP in
urine samples collected from 1040 participants from 16 cities were 10.1, 19.3, 29.6, 47.3, and 3.63 mg/g
creatinine, respectively. The concentrations of PAEs and MPAEs in drinking water and daily intakes (DIs)
of PAEs from nine cities where drinking water and urine samples were simultaneously collected were
used to estimate the contributions from drinking water. The percentages of DMP, DEP, DiBP, DnBP, and
DEHP from drinking water accounted for DIs of 0.60%, 0.049%, 1.26%, 2.76%, and 0.56%, respectively. The
percentages of MMP, MEP, MiBP, MnBP and MEHP via intake of drinking water accounted for urinary
concentrations of 0.86%, 0.032%, 0.14%, 0.089%, and 0.045%, respectively.

© 2019 Elsevier Ltd. All rights reserved.
1. Introduction

Phthalates (PAEs) have received increasing negative publicity
due to their adverse effects on humans, such as reduced semen
quality, spermatozoa apoptosis, pregnancy loss, shortened
gestational duration, childhood asthma, learning and behavioral
problems, allergic symptoms, and hypertension (Bloom et al., 2015;
Boss et al., 2018; Gonz�alez-mari~no et al., 2017; Mu et al., 2015;
Wang et al., 2016). As a result of their extensivet use worldwide,
PAEs are frequently detected in drinking water, air, food, and dust
(Das et al., 2014), and humans are continuously exposed to PAEs via
various pathways. The presence of PAEs in drinking water has been
well reported (Domínguez-Morueco et al., 2014; Liu et al., 2015;
Santana et al., 2014), and standards or guideline values for PAEs in
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drinking water have been established by the governments of
several countries (e.g., China and the United States) and by the
World Health Organization (WHO) (NSC, 2006; U.S. EPA, 2018;
WHO, 2011).

The percentage of PAEs from drinking water that accounts for
the daily intakes (DIs) is a critical exposure parameter in the
development of guideline values for drinking water. Although the
WHO used the default value of 1% to obtain the guideline value for
di-2-ethylhexyl phthalate (DEHP) (WHO, 2011), percentage esti-
mation based on detailed exposure assessment would be desirable
for establishing reasonable guideline values for PAEs. The per-
centage of DEHP from drinking water for adults that accounts for
the DI in 16 provinces of China was estimated to be 12.3% based on
the concentrations of DEHP found in 1704 food samples from 12
food categories (Sui et al., 2014). However, the study reported by Sui
et al. (2014) failed to consider exposure from other pathways, such
as inhalation of indoor dust and air and dermal absorption from
personal care products, possibly leading to overestimation of the
percentage of DEHP from drinking water. Ji et al. (2014) estimated
the percentages of four PAEs from drinking water as 4.5% for
dimethyl phthalate (DMP), 6.8% for diethyl phthalate (DEP), 46.4%
for di-n-butyl phthalate (DnBP), and 39.4% for DEHP (Ji et al., 2014).
Because exposure from personal care products was neglected and a
limited number of food samples were used to calculate the DIs of
PAEs, the percentage from drinking water may have been over-
estimated (Giovanoulis et al., 2017). Alternatively, the DIs of PAEs
can be reconstructed from the urinary concentrations of their
metabolites using a simple pharmacokinetics model (Itoh et al.,
2007; Lorber and Calafat, 2012). This approach can be expected to
accurately reflect the total human exposure and may therefore
allow a comprehensive assessment of the total human exposure to
PAEs via various pathways.

In addition, PAEs are rapidly metabolized into phthalate
monoesters (MPAEs), which have been the main species respon-
sible for the adverse effects of PAEs (Mittermeier et al., 2016).
Mono-2-ethylhexyl phthalate (MEHP) can increase sperm
apoptosis (You et al., 2015) and inhibit human extravillous
trophoblast invasion via the peroxisome proliferator-activated
receptorg pathway (Gao et al., 2017). Furthermore, monomethyl
phthalate (MMP), monoethyl phthalate (MEP), and mono-n-butyl
phthalate (MnBP) have been reported to damage DNA (Hu et al.,
2014; You et al., 2015). As the metabolites of PAEs, these MPAEs
are typically excreted in the urine, and high concentrations of
MPAEs have thus been detected in the influents and effluents of
sewage treatment plants (Gonz�alez-mari~no et al., 2017; Jiang et al.,
2018). In addition to discharged domestic wastewater, MPAEs can
also be formed by in situ biodegradation of PAEs in aqueous envi-
ronments (Jiang et al., 2018). Thus, the possibility exists that MPAEs
may be also present in drinking water and contribute to urinary
levels of MPAEs.

In this study, to assess exposure to PAEs, the urinary concen-
trations of MPAEs were determined for 1040 urine samples
collected from the general population in 16 cities throughout China,
and the DIs of the PAEs were reconstructed using a simple phar-
macokinetics model. Furthermore, the concentrations of PAEs and
MPAEs in 146 drinkingwater samples collected from 24major cities
in China were analyzed to estimate the DIs via drinking water and
the contribution of the MPAEs in drinking water to the urinary
concentrations of MPAEs. The percentages of PAEs from drinking
water to the human total exposure were estimated based on nine
cities where samples of drinking water and urine had been
simultaneously collected. The results are expected to provide a
basis for the establishment of drinking water criteria.
2. Materials and methods

2.1. Standards and reagents

Five PAEs and their isotope-labeled internal standards were
purchased from Labor Dr. Ehrenstorfer GmbH (Augsburg, Ger-
many). Ten MPAE standards and eight isotope-labeled internal
standards were used to determine the concentrations of MPAEs in
the urine and drinking water samples, and the details are provided
in the Supplementary Material. Detailed information regarding all
chemicals and reagents is given in the Supplementary Material.

2.2. Sample collection

Between May 2015 and January 2018, 146 drinking water sam-
ples were collected from 90 drinking water treatment plants
(DWTPs) in 24 major cities (Baoding, Beijing, Binzhou, Changzhou,
Chaohu, Dalian, Dongguan, Dongying, Foshan, Harbin, Heihe, Ji'nan,
Lanzhou, Lianyungang, Nanjing, Shanghai, Shenyang, Shenzhen,
Shijiazhuang, Tianjin, Wuxi, Zhengzhou, Zhuzhou, and Zibo)
throughout China, their locations are shown in Supplementary
Fig. 1. The drinking water samples were collected in brown glass
bottles that had been rinsed with methanol and Milli-Q water, and
the residual chlorine was removed via the addition of sodium
thiosulfate. The samples were packed in dry ice for transport to our
laboratory and extracted within 12 h.

In addition, 1040 urine samples were collected from 580 female
and 460 male healthy adults from the general population in 16
cities (Changsha, Chaohu, Fuzhou, Harbin, Hohehot, Jinan, Jiaxing,
Mudanjiang, Nanjing, Pinghu, Shanghai, Shenyang, Wuxi, Xi'an,
Zhengzhou, and Zhuzhou), including nine cities (Chaohu, Harbin,
Ji'nan, Nanjing, Shanghai, Shenyang, Wuxi, Zhengzhou, and Zhuz-
hou) for which drinking water samples were simultaneously
collected for analysis of PAEs and MPAEs. The urine samples were
collected in 40-mL glass bottles, and the insides of the plastic covers
of the glass sample bottles were covered with aluminum foil to
minimize the risk of contamination. None of the participants re-
ported occupational exposure to PAEs, and demographic informa-
tion was collected, including age, sex, height, weight, and
residential history. This study was approved by the Biomedical
Ethics Committee of Peking University (IRB00001052-1408).

2.3. Sample preparation and quantification

Drinking water samples of 0.5 and 1 L were used for the
detection of MPAEs and PAEs, following our previous reported
method (Jiang et al., 2018). The concentrations of MPAEs in urine
samples (0.5mL) were determined with a previously described
method with minor modifications (Mu et al., 2015); the details are
provided in the Supplementary Material. Information on multi-
selected reaction monitoring (MRM) transitions and quality con-
trol are shown in the Supplementary Tables 1e4.

2.4. Statistical analysis

Data analysis was performed using the SPSS software (v20.0,
IBM). When the concentrations fell below the corresponding limits
of quantitation, the limit of quantitation was divided by the square
root of 2 and used for calculation and statistical analysis. ProUCL
Version 5.1, developed by the U.S. Environmental Protection Agency
(U.S. EPA), was used to simulate undetected observation. Compar-
isons between different sample types were conducted using
nonparametric tests (Mann-Whitney U test). The correlations be-
tween pairs of compounds was obtained via unidirectional least-
squares regression. The statistical level of significance was
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p< 0.05. The spatial distributions of the compounds were demon-
strated visually using ArcMap (ESRI® ArcGIS 10.0).

The percentages of PAEs from drinking water were calculated
using Equation (1).

%PAE¼Cd � Vd

DI �W
� 100% (1)

where Cd is the concentration of a PAE in drinking water (ng/L); Vd
is the daily drinking water consumption (1.7 L); and W is body
weight (65 kg for adults), according to the Major Science and
Technology Program for Water Pollution Control and Treatment of
China (2014e2017) (RCEES-CAS, 2018). The DI of the PAEs (mg/
kg bw/day) were calculated using Equation (2) (Itoh et al., 2007).

DI¼UE � CE
Fue

� MWD

MWM
(2)

where CE is the daily creatinine excretion normalized to body
weight, for which the value of 20mg/kg/day reported for adults by
Calafat and Mckee (2006) was used; UE is the creatinine-adjusted
concentration of a metabolite in urine (mg/g creatinine); and
MWD and MWM (g/mol) are the molecular weights of the parent
phthalate and its metabolite, respectively. Fue is the molar fraction
of the monoester metabolite excreted in the urine relative to the
amount of the PAE ingested, and the values of this parameter for
different metabolites were obtained from previous studies
(Gonz�alez-mari~no et al., 2017; Koch et al., 2006, 2012;
Saravanabhavan et al., 2014), as listed in Supplementary Table 5.

The percentage of an MPAE from drinking water was estimated
as the ratio between the predicted urinary concentration from
drinking water and the observed urinary concentration, as shown
in Equation (3).

Upredicted ¼
Cdm*Vd*Fuem

CE*W
*
MWu

MWd
(3)

where Upredicted is the predicted concentration of an MPAE in urine
(mg/g creatinine); Cdm is the concentration of an MPAE in drinking
water; Vd, W, and CE are the same as in Equations (1) and (2); MWd
and MWu are the molecular weights of an MPAE in drinking water
Fig. 1. Levels and distribution of (a) MPAEs in urine (geometric m
and its metabolite in urine (g/mol), and Fuem is the molar fraction of
themetabolite excreted in urine relative to the amount of theMPAE
ingested, the values of which were reported previously (Kao et al.,
2012; Mittermeier et al., 2016) and are listed in Supplementary
Table 6.
3. Results and discussion

3.1. Concentrations of phthalate monoesters in urine

To assess human exposure to PAEs for the general population of
China, the concentrations of MPAEs in 1040 urine samples collected
from residents of 16 Chinese cities were analyzed, and the results
are listed in Supplementary Table 7. MPAEs were detected in 100%
of the urine samples, thus confirming the widespread human
exposure to PAEs. Five of the six primaryMPAEsdMMP,MEP,MnBP,
mono-iso-butyl phthalate (MiBP), and MEHPdwere found in more
than 94% of the urine samples, whereas the detection frequency of
monobenzyl phthalate (MBzP) was only 37.4%. Three of the four
secondary metabolitesdmono (2-ethyl-5-oxohexyl) phthalate
(MEOHP), mono (2-ethyl-5-hydroxyhexyl) phthalate (MEHHP), and
mono (2-ethyl-5-carboxypentyl) phthalate (MECPP)dwere detec-
ted in more than 98% of the urine samples, whereas mono (3-
carboxypropyl) phthalate (MCPP) was detected in only 42.3% of
the urine samples (Supplementary Table 8). These results are
similar to those reported previously (Meeker et al., 2009; Silva
et al., 2004). The total urinary concentrations of MPAEs were the
highest for the population of Nanjing (2419± 2527 mg/g creatinine),
which is probably attributable to the high industrial production of
PAEs in Jiangsu Province (Wang et al., 2018); the values for the other
cities ranged between 135.5 and 406.7 mg/g creatinine (Fig. 1 (a)).
There was no statistically significant difference between the uri-
nary concentrations of the metabolites in the samples obtained
from men and women (p> 0.05), except for MEP (Supplementary
Fig. 2). The geometric mean (GM)± geometric standard deviation
(GSD) values of the urinary concentrations of MMP, MEP, MiBP,
MnBP, MEHP, MEOHP, MEHHP, and MECPP were 5.97± 3.89,
18.7± 3.74, 24.8± 3.54, 48.4± 3.17, 3.93± 3.34, 5.71± 2.95,
9.71± 3.00, and 15.3± 3.04 mg/g creatinine, respectively (Table 1).
MnBP (median, 48.1 mg/g creatinine) and its isomer MiBP (25.9 mg/g
ean) and (b) PAEs and (c) MPAEs in drinking water in China.



Table 1
Concentrations in drinking water (ng/L) of PAEs and MPAEs and concentrations of
MPAEs in urine (mg/g cr.) in China.

Compound Water (GM±GSD) Urine (GM±GSD)

DMP 6.57± 3.35 /
DEP 1.66± 5.12 /
DiBP 17.8± 7.19 /
DnBP 143a /
DEHP 39.3± 6.66 /
MMP 5.45± 3.54 5.97± 3.89
MEP 0.550± 6.30 18.7± 3.74
MiBP 3.60± 4.28 24.8± 3.54
MnBP 9.49± 4.77 48.4± 3.17
MEHP 4.13± 3.63 3.93± 3.34
MEOHP / 5.71± 2.95
MEHHP / 9.71± 3.00
MECPP / 15.3± 3.04

GM: geometric mean; GSD: geometric standard deviation.
a Median concentration for inconformity of logarithmic normal distribution.
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creatinine) were the predominant compounds detected in the
urine samples, accounting for 30.1%± 18.5% and 17.0%± 14.5% of
SMPAEs (i.e., the eight MPAEs with a high detection frequency),
respectively. The median urinary concentrations of MnBP and MiBP
were much higher than those in the United States (15.6e25.9 mg/g
creatinine for MnBP and 4.9e6.3 mg/g creatinine for MiBP) and in
Canada (20.8 mg/g creatinine for MnBP) (Colacino et al., 2010; Johns
et al., 2016; Saravanabhavan et al., 2013, Table 2), which is possibly
attributable to the widespread use of DnBP in China (Guo et al.,
2011). The median urinary concentrations of MEP and MMP were
16.6 mg/g creatinine and 6.40 mg/g creatinine, respectively. The
median concentration of MEP was much lower than those in the
United States (77.9e207.9 mg/g creatinine) and Canada (58.8 mg/g
creatinine) (Colacino et al., 2010; Johns et al., 2016; Saravanabhavan
et al., 2013), whereas the median concentration of MMPwas higher
than that reported in the United States (1.4 mg/g creatinine)
(Colacino et al., 2010). For the primary and secondary metabolites
of DEHP, the median concentration of MECPP was the highest
Table 2
Urinary phthalate metabolite concentrations (median; mg/g creatinine) in China, compar

No. year Analyte (mg/g creatinine)

MMP MCPP MEP MiBP MnBP

China 1040 2015e17 6.30 0.253 16.6 25.9 48.1
China (Shanghai) 2330 2012 2.93 NA 8.82 8.42 12.9
U.S. 4667 2005e10 NA 2.37 77.6 6.25 15.6
U.S. 2350 2003e04 1.4 3.3 207.9 4.9 25.9
Canada 1205 2007e09 NA 1.4 58.8 NA 20.8

NA¼ no analysis.

Fig. 2. Cumulative probability curves for the concentrations of (a
(15.3 mg/g creatinine), followed by MEHHP (8.81 mg/g creatinine)
and MEOHP (5.36 mg/g creatinine), and the total concentration of
the secondary monoesters was much higher than that of MEHP
(3.74 mg/g creatinine). This metabolite profile is similar to that re-
ported previously for DEHP, but the median urinary concentration
of SDEHP (including MEHP, MEHHP, MEOHP, and MECPP; 33.2 mg/g
creatinine) was lower than that in the United States (76.4 and
50.8 mg/g creatinine) (Colacino et al., 2010; Johns et al., 2016) and in
Canada (37.0 mg/g creatinine without MECPP) (Saravanabhavan
et al., 2013). Our results are the first national survey data re-
ported for the Chinese population. One previous paper reported in
the urinary concentrations of PAE metabolites for residents of
Shanghai; the median concentrations of MMP, MEP, MiBP, MnBP,
and SDEHP were 2.93, 8.82, 8.42, 12.9, and 39.1 mg/g creatinine,
respectively (Dong et al., 2017), which are lower than those in this
study (37.8, 15.0, 28.8, 25.3, and 42.2 mg/g creatinine, respectively).
3.2. Levels of phthalates and metabolites in drinking water

To estimate the daily intakes of PAEs and MPAEs via drinking
water, their concentrations in 146 samples of drinking water were
analyzed. The detection frequencies of DMP, DnBP, DiBP (diisobutyl
phthalate), DEHP, and DEP in these samples were 89.7%, 86.3%,
78.8%, 77.4%, and 65.1%, respectively (Supplementary Table 9).
DnBP was the predominant compound detected in the drinking
water samples, with a mean concentration of 595.9± 1793 ng/L,
accounting for 66.4%± 70.0% of the total concentration of PAEs
(SPAEs). The mean concentrations of DEHP, DiBP, DMP, and DEP
were 178.2± 422.0, 103.8± 310.5, 14.31± 26.28, and
5.905± 11.57 ng/L, respectively (Supplementary Table 9). For the
undetected observations simulated by ProUCL (U.S. EPA), the
simulated concentration of DnBP in drinking water at the national
level did not obey a logarithmic normal distribution, whereas those
of DMP, DEP, DiBP, and DEHP did, and their GM±GSD values for the
24 cities throughout China were 6.57± 3.35, 1.66 ± 5.12, 17.8± 7.19,
and 39.3± 6.66 ng/L, respectively (Fig. 2 (a)). For the nine cities
ed with previous studies.

Ref.

MBzP MEHP MEOHP MEHHP MECPP

0.0133 3.74 5.36 8.81 15.3 this study
2.07 8.84 4.67 11.6 14.0 Dong et al. (2017)
6.5 2.05 9.29 15.6 23.9 Johns et al. (2016)
17.4 2.1 15.9 23.1 35.3 Colacino et al. (2010)
10.5 3.7 12.6 20.7 NA Saravanabhavan et al. (2013)

) four PAEs and (b) five MPAE s in drinking water in China.
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where both drinking water and urine samples were collected, the
concentrations of DMP, DEP, DiBP, DnBP, and DEHP in drinking
water all fit a logarithmic normal distribution, and the GM±GSD
values in drinking water were 7.17± 2.99, 1.17± 5.83, 21.2± 7.20,
59.2± 9.81, and 30.1± 6.68 ng/L, respectively (Supplementary
Fig. 3(a)).

The concentrations of DMP, DEP, and DEHP were lower than
those reported in 225 drinking water samples collected in China
between 2009 and 2012 (mean values of 71, 35, and 770 ng/L for
DMP, DEP, and DEHP, respectively), whereas the mean DnBP con-
centration was higher than that in a previous paper (350 ng/L) (Liu
et al., 2015). The mean concentrations of DiBP, DnBP, and DEHP
were higher than those reported in drinking water samples
collected in Portugal (Santana et al., 2014). The concentrations of
DEHP in our 146 drinking water samples were all lower than the
standards of China (8 mg/L)(NSC, 2006) and the U.S. EPA (6 mg/
L)(U.S. EPA, 2018) and the guideline value recommended by the
WHO (8 mg/L)(WHO, 2011), and only 4.79% of the drinking water
samples (7 of 146) contained higher concentrations of DnBP than
the recommended limit in China (3 mg/L)(NSC, 2006). The highest
concentrations of SPAEs were observed in the samples collected
from Binzhou and Dongying in Shandong Province (2889 and
2655 ng/L, respectively), followed by Zhengzhou (2638 ng/L) and
Shenzhen (2214 ng/L), and the lowest total concentration was
observed in the sample collected from Lianyungang (79.9 ng/L;
Fig. 1 (b)). The previously reported values of SPAEs in Jiangsu
Province (233e581 ng/L) (Hu et al., 2013) were lower than those
observed in this study (113.3e1645 ng/L). No correlation was found
between PAEs in drinking water and their metabolites in urine
samples collected from the nine cities.

The concentrations of MPAEs in the drinking water samples are
shown in Supplementary Table 9. Of the six primary MPAEs, MnBP,
MEHP, MiBP, and MMP were the most frequently detected in
drinking water; their detection frequencies were 93.2% (136 of
146), 91.8% (134 of 146), 90.4% (132 of 146), and 87.0% (127 of 146),
respectively, but MEP and MBzP were detected only in 52.7% (77 of
146) and 6.8% (10 of 146) of samples, respectively. Four secondary
metabolites were also detected in drinking water samples, albeit
with low detection frequencies (37.0% for MEHHP, 28.1% for
MEOHP, 19.2% for MECPP, and 2.7% for MCPP). The mean concen-
tration (±standard error) of MnBP was 36.3± 109 ng/L, which was
higher than those of other MPAEs (12.1± 18.0 ng/L for MMP,
11.3± 37.2 ng/L for MiBP, 9.86± 18.0 ng/L for MEHP, and
2.40± 5.79 ng/L for MEP). MnBP, MMP, MiBP, MEHP, and MEP
contributed to 50.4%± 58.1%, 16.8%± 14.3%, 15.7%± 19.7%,
13.7%± 9.57%, and 3.34%± 3.06% of SMPAEs, respectively. The
concentrations of MnBP and MEHP in drinking water fit a loga-
rithmic normal distribution, and the concentrations of MMP, MEP
and MiBP fit a logarithmic normal distributionwith the undetected
observations simulated by ProUCL. The GM±GSD values in drink-
ing water samples were 5.45± 3.54, 0.546± 6.30, 3.60± 4.28,
9.49 ± 4.77, and 4.13± 3.63 ng/L for MMP, MEP, MiBP, MnBP, and
MEHP (Fig. 2(b)). Similarly, the concentrations of MMP, MEP, MiBP,
MnBP, andMEHP in the drinking water samples from the nine cities
where urine samples were also collected fit a logarithmic normal
distribution, and their GM±GSD values were 6.76± 3.78,
0.730± 5.54, 4.75± 3.31, 9.20± 3.31, and 4.06± 3.57 ng/L, respec-
tively (Supplementary Fig. 3(b)). Although the lack of data
regarding the occurrence of primary monoesters of PAEs in drink-
ing water limited our comparison of concentrations, the concen-
trations of all MPAEs were lower than those reported in river and
lake water samples (Jiang et al., 2018; Suzuki et al., 2001). As shown
in Fig. 1 (c), the highest mean concentrations of the five primary
metabolites were observed in Dongying (487 ng/L; 32.0e941 ng/L),
followed by Binzhou (230 ng/L; 8.91e614 ng/L) and Shenzhen
(205 ng/L; 22.9e688 ng/L). The urinary concentrations of MPAEs
did not correlate with concentrations of MPAEs in drinking water
samples collected from the nine cities. Our results indicate that
humans are exposed to MPAEs via drinking water.

Secondary metabolites of DEHP have been used as markers to
identify potential sources of MPAEs (Jiang et al., 2018). Three sec-
ondary metabolites of DEHP were also detected in drinking water
for the first time, and the mean concentrations of MEHHP, MEOHP,
and MECPP were 0.243± 0.478 ng/L, 0.147± 0.328 ng/L, and
0.126± 0.363 ng/L, respectively, which were much lower than that
of MEHP. The percentage of secondary metabolites relative to
SDEHP was limited to 4.97%± 6.01%, which was similar to that
found in Taihu Lake (5.3%e12.4%) (Jiang et al., 2018) but signifi-
cantly lower than that found in human urine (87.0%± 9.34%), as
described above. These results suggest that these metabolites may
originate predominantly from the biodegradation of PAEs in the
environment, as described previously (Jiang et al., 2018).

3.3. Contribution of phthalates and metabolites from drinking
water

Humans are exposed to PAEs through ingestion, inhalation, and
dermal absorption in their daily life (Heudorf et al., 2007), and PAEs
can be rapidly metabolized into MPAEs with elimination half-lives
of several hours (Koch et al., 2006, 2012). A single spot urine sample
has been reported to be sufficient for roughly predicting the
average exposure over three months according to temporal vari-
ability assessment (Hauser et al., 2004). Thus, the MPAEs in urine
have been used as biomarkers to assess human exposure in various
biomonitoring programs (Guo et al., 2011; Saravanabhavan et al.,
2014), and a simple pharmacokinetics model (Equation (2)) has
been established for describing the relation between the DIs of
PAEs and urinary MPAEs (Itoh et al., 2007; Koch et al., 2006). Using
this simple pharmacokinetics model, the GMs of the DIs of DMP,
DEP, DiBP, and DnBP for the nine cities were calculated as 0.198,
0.788, 0.943, and 1.67 mg/kg bw/day, respectively. The DIs of DEHP
can be estimated on the basis of the urinary concentrations of its
primary metabolite, MEHP, or its secondary metabolites (MEOHP,
MEHHP, and MECPP). Considering the higher concentrations of
MEOHP, MEHHP, and MECPP compared with MEHP and the possi-
bility of MEHP contamination during sample handling and pro-
cessing, MEOHP, MEHHP, and MECPP are considered superior
markers for estimating of the DI of DEHP (Koch et al., 2006). Among
the secondary metabolites, MEHHP and MEOHP better reflect
short-term exposure owing to their shorter half-lives compared
with MECPP (Koch et al., 2006), and the concentration of MEHHP
was higher than that of MEOHP. The urinary concentration of
MEHHP was thus used to estimate the total intake of DEHP for the
residents of the nine cities, and the GM of the DI of DEHP was
calculated as 1.50 mg/kg bw/day. The percentages of the PAEs from
drinking water were calculated using the ratio of the GM between
drinking water and the DIs as 0.60%, 0.049%,1.26%, 2.76%, and 0.56%
for DMP, DEP, DiBP, DnBP, and DEHP, respectively. The highest value
was obtained for DnBP, which is consistent with the fact that DnBP
was the main compound detected in drinking water. It should be
noted that the estimated percentage for DPHP was lower than the
default value of 1% used to establish the WHO guideline (WHO,
2011).

Because the presence of MPAE in drinking water contributes to
their urinary concentrations, reconstruction of DIs of PAEs from the
urinary concentrations of MPAEs would result in overestimation.
We thus estimated the contribution of the direct intake of MPAEs
via drinking water to the urinary concentrations of MPAEs for the
nine cities using a simple pharmacokinetics model for MPAEs. The
predicted urinary concentrations of MPAEs originating from
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drinking water consumption were 6.45, 0.697, 5.57, and 11.1 ng/g
creatinine for MMP, MEP, MiBP, and MnBP, respectively. The pre-
dicted urinary concentrations of MEHP, MEOHP, MEHHP, and
MECPP originating from the intake of MEHP via drinking water
were 0.345, 0.853, 0.960, and 0.856 ng/g creatinine, respectively,
these levels are considerably lower than those observed in urine.
The percentages of the urinary concentrations of MMP, MEP, MiBP,
and MnBP from drinking water were 0.86%, 0.032%, 0.14%, and
0.089%, respectively, and the presence of MEHP in drinking water
contributed to 0.045%, 0.056%, 0.033%, and 0.023% of the urinary
concentrations of MEHP, MEOHP, MEHHP, and MECPP, respectively.
It should be noted that the percentage of MMP from drinking water
was similar to that of DMP, indicating the importance of direct
exposure to MMP via drinking water.

4. Conclusions

This study involved a national-scale survey of the PAE contam-
ination of drinking water and human urine samples in major cities
throughout China. We report for the first time that the bioactive
primary metabolites of PAEs are ubiquitous in drinking water. The
estimated percentages of PAEs from drinking water that accounted
for the DIs were estimated to range from 0.05% to 2.76%, and the
estimated percentages of MPAEs from drinking water ranged from
0.02% to 0.86%. Our results are expected to prove valuable for un-
derstanding the human exposure to both PAEs and MPAEs.
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