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The coexistence of parent polycyclic aromatic hydrocarbons (PPAHs) and halogenated PAHs (HPAHs) in
drinking water has generated much concern recently. However, a method to simultaneously determine these
compounds has not been developed. In this study, a method using solid-phase extraction combined with gas
chromatography-mass spectrometry for determination of PPAHs and HPAHs in drinking water was established.
Forty-two target compounds including 16 PPAHs and 26 HPAHs (16 chlorinated PAHs (Cl-HPAHs) and 10
brominated PAHs (Br-PAHs)) were selected to evaluate the performance. Our results indicate enriching compounds with a LC18 cartridge and eluting with dichloromethane is optimal with recovery of 74.88–119.4%.
Method detection limits ranged from 0.34 to 3.37 ng L−1 when only using 1 L samples. The method accomplished the analysis of trace PPAHs and HPAHs. We found the coexistence of PPAHs and HPAHs including 12
PPAHs, 2 Cl-PAHs and 3 Br-PAHs in tap water samples. Maximum total concentration of PPAHs and HPAHs
reached 33.69 ng L−1 and 3.04 ng L−1, respectively. Trace Br-PAHs were first detected in drinking water. 6bromobenzene[a]pyrene was dominated among the HPAHs with a concentration from 2.30 to 2.69 ng L−1. The
simultaneous occurrence of PPAHs and HPAHs in drinking water should receive more attention, and their formation mechanism should be further explored.

1. Introduction
Polycyclic aromatic hydrocarbons (PAHs) are ubiquitous organic
contaminates in drinking water and source water (Badawy and
Emababy, 2010; Wu et al., 2011). Previous studies showed that the total
concentrations of PAHs ranged from 102 to 103 ng L−1 in the effluent of
drinking water plants in China (Hanwen et al., 2014; Xin et al., 2011).
Meanwhile, parent PAHs (PPAHs) were shown to generate chlorinated
PAHs (Cl-PAHs) (Harrison et al., 1976; Nilsson and Colmsjo, 1990;
Shiraishi et al., 1985; Xu et al., 2018a) and even lead to the formation
of brominated PAHs (Br-PAHs) and brominated/chlorinated PAHs (Hu
et al., 2006; Mori et al., 1993; Nakamura et al., 2007; Sankoda et al.,
2017) by electrophilic substitution reaction during chlorination disinfection. Generally, these HPAHs may manifest stronger bioaccumulation in organisms than their corresponding PPAHs due to their higher
octanol-water partition coefficients (Kow) (Sun et al., 2013). Furthermore, several HPAHs could induce DNA-damaging effects (Huang et al.,
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2018), stronger mutagenicity (Kido et al., 2013), and even higher aryl
hydrocarbon receptor (AhR) activity (Ohura et al., 2007). Considering
the potential hazardous health effects, the coexistence of PPAHs and
HPAHs in drinking water needs to be addressed.
However, there has been a lack of a method to simultaneously determine PPAHs and HPAHs. Though there are numerous studies describing the analytical methods of PPAHs (Ma et al., 2010a; Manoli and
Samara, 1999; Teresa Pena et al., 2009; Zhang et al., 2007), only several sources reported the sample preparation and analytical methods of
HPAHs in water. In addition, up to 9 kinds of commercially available
Cl-PAHs were determined at one-time analysis (Qiao et al., 2018;
Shiraishi et al., 1985; Tillner et al., 2013; Wang et al., 2016). Recently,
we reported analytical methods of 18 kinds of Cl-PAHs (Xu et al.,
2018a). To the best of our knowledge, no studies have reported analytical methods for Br-PAHs in water. Therefore, it is unknown what
methods are suitable to simultaneously determine Cl-PAHs and BrPAHs.
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our institute in Beijing, China in December 2018 after tap water in each
site ran for 3 min. In addition, Sample A was household tap water, and
Sample B and C were tap water from two different office buildings. Each
sample was set in triplicate. Then, the samples were stored in amber
glass bottles without headspace, at 4 °C, in the dark until pretreatment
within 24 h. All tap water samples were filtered by 0.7 μm glass fiber
filter membrane (Millipore, product number: APFF14250). Each sample
was set in triplicate. A 1 L sample of filtered tap water was prepared
according to the methods described in Section 2.4.2 after adding Phed10 as surrogate standard. The results of water quality parameters including pH and total organic carbon (TOC) are listed in Table S2 pH
was measured by portable multiparameter water quality analyzer
(HACH, Loveland, CO, USA). TOC was measured by a TOC-L analyzer
(Shimadzu, Kyoto, Japan).

There are two contributing factors to the lack of an analytical
method to detect HPAHs in drinking water. First, a majority of the
literature is dedicated to the examination of environmental media in air
(Xu et al., 2018b), sediments (Sun et al., 2011), snow (Haglund et al.,
1987), vegetables and pork (Ding et al., 2013). HPAHs in water, particularly Br-PAHs, have largely been ignored (Muff and Sogaard, 2011),
and only few studies have reported on the kinetic and mechanism of
specific Br-PAHs. A second reason is the lack of HPAH standards. The
species of HPAHs in water are different from those in other environmental media due to the difference in formation mechanisms. For example, acenaphthene (Ace) manifests high reactivity of their corresponding PPAHs during chlorination but was not researched in urban
air (Horii et al., 2008; Xu et al., 2018a). In this case, it is subjective and
inaccurate to judge the concentration of target compounds relying on
the past interpretations of mass spectrum (Sankoda et al., 2017; Xu
et al., 2018a). Typically, HPAHs with multiple isomers are more difficult to distinguish (Xu et al., 2018a). Thus the acquisition of the standards of HPAHs becomes a key factor for determining these compounds.
The objective of this study is to establish a method to simultaneously determine PPAHs and HPAHs in drinking water and provide a
foundation for future quantification. Forty-two PPAHs and HPAHs were
selected as target compounds. Selection of a solid-phase extraction
cartridge and optimization of an elution solvent were ensured. The
occurrence of PPAHs and HPAHs in tap water was then investigated by
the optimized method.

2.3. Sample preparation
2.3.1. Selection of solid-phase extraction (SPE) cartridges and elution
solvents
Six SPE cartridges, graphitic carbon (GCB, 500 mg, 6 mL STEEMA,
Beijing, China), activated carbon (AC, 500 mg, 6 mL, STEEMA), neutral
alumina (Al-N, 500 mg, 6 mL, STEEMA), Oasis® HLB (O-HLB, 500 mg,
6 mL, Waters, Milford, MA, USA), Supel™-Select HLB (S-HLB, 200 mg,
6 mL, Supelco, Bellefonte, PA, USA), and Supelclean™ LC-18 (LC18,
500 mg, Supelco), were selected to evaluate the optimal enrichment
efficiency. Additionally, three elution solvents DCM, HEX, and the
mixture of DCM and HEX (1:1, v/v), were selected to evaluate the most
suitable elution solvent.

2. Materials and methods
2.1. Chemical reagents

2.3.2. Sample preparation method
The whole experiments referred to the previous study (Xu et al.,
2018a). The developed procedure is briefly described below. The experiments were carried out in amber glass bottles, and each was loaded
with 1 L ultrapure water. 25 μL mixed liquid soluble in HEX from a
2 μg mL−1 mixture of 1 mL volume was injected into each bottle. After
shaking thoroughly, PPAHs and HPAHs were extracted by LC18 successively conditioned by 5 mL of DCM, MeOH and ultrapure water.
Then, the cartridges eluted with 10 mL DCM. After being dried over
with anhydrous sodium sulfate (99.5%, guaranteed reagent, Sinopharm
Chemical Reagent, Beijing, China), the crude extracts were solvent
exchanged to HEX and concentrated to 0.3 mL under high purity nitrogen (purity > 99.99%). Then, 25 μL of 2 μg mL−1 HCB as internal
standard was injected into in the samples, and the concentrate was
fixed to 0.5 mL and stored in −20 °C for gas chromatography-mass
spectrometry (GC-MS) analysis.

Sixteen PPAHs mixed standard, naphthalene (Nap), acenaphthylene
(Acy), acenaphthene (Ace), fluorene (Flu), phenanthrene (Phe), anthracene (Ant), fluoranthene (Flt), pyrene (Pyr), benz[a]anthracene
(BaA), chrysene (Chry), benzo[c]phenanthrene (BcP), benzo[a]pyrene
(BaP), benz(e)pyrene (BeP), indeno[1,2,3-cd]pyrene (Ipy), benzo[g,h,i]
perylene (BPE), dibenz[a,h]anthracene (DBA) were purchased from
AccuStandard (New Haven, CT, USA). Nine Cl-PAHs were synthesized
in our previous study (Xu et al., 2018a): 5-chloroacenaphthene (5-ClAce), 3,5-dichloroacenaphthene (3,5-diCl-Ace), 3,6-dichloroacenaphthene (3,6-diCl-Ace), 5,6-dichloroacenaphthene (5,6-diCl-Ace),
3,5,6-trichloroacenaphthene (3,5,6-triCl-Ace), 3,5,8-trichloroacenaphthene (3,5,8-triCl-Ace), 3,5,6,8-tetrachloroacenaphthene (3,5,6,8tetraCl-Ace), 2,5-dichloroflourene (2,5-diCl-Flu) and 9,10-dichlorophenanthrene (9,10-diCl-Phe). The remaining HPAHs were purchased from different manufacturers. The Cl-PAHs include 1-chloronaphthalene (1-Cl-Nap), 1,4-dichloronaphthalene (1,4-diCl-Nap),
1,2,3,4-tetrachloronaphthalene (1,2,3,4-tetraclCl-naphthalene), 2,7-dichloroflourene (2,7-diCl-Flu), 9-chlorophenanthrene (9-Cl-Phe), 9chloroanthracene (9-Cl-Ant) and 9,10-dichloroanthracene (9,10-diClAnt). Br-PAHs include 1-bromonaphthalene (1-Br-Nap), 2-bromonaphthalene (2-Br-Nap), 5-bromoacenaphthene (5-Br-Ace), 2-bromoflourene (2-Br-Flu), 2,7-dibromoflourene (2,7-diBr-Flu), 9-bromophenanthrene (9-Br-Phe), 3-bromoflouranthene (3-Br-Flu), 1-bromopyrene
(1-Br-Pyr), 1,6-dibromopyrene (1,6-diBr-Pyr) and 6-bromobenzene[a]
pyrene (6-Br-BaP). Detailed PPAHs and HPAHs were listed in Table S1.
Phenanthrene-d10 (Phe-d10) and hexachlorobenzene (HCB) was purchased from AccuStandard. Dichloromethane (DCM), n-hexane (HEX)
and methanol (MeOH) were purchased from Thermo Fisher Scientific
(Waltham, MA, USA) with HPLC grade. Standard preparation was detailed in Text S1. Ultrapure water (18.2 MΩ cm) was generated by a
Milli-Q purification system (Millipore, Billerica, MA, USA) for the experimental procedures.

2.4. Chemical analysis
PAHs and HPAHs were analyzed using an Agilent 6890 GC (Santa
Clara, CA, USA) equipped with an Agilent 5975B quadrupole mass-selective
detection
(MSD)
system
with
a
DB-5MS
(30 m × 0.25 mm × 0.25 μm, Agilent) according to our previous research (Xu et al., 2018a). Oven temperature was programmed with an
initial temperature of 60 °C, held for 2 min, then increased at a rate of
10 °C min−1 to a final of temperature of 300 °C, and held for another
10 min. Helium was used as the carrier gas with flow rate at
1.0 mL min−1 at constant flow mode. The injection volume for all the
samples was 1 μL under splitless mode. Quantification was performed
under SIM mode.
2.5. Calibration and QA/QC experiments
The calibration graphs including 9 points for all the compounds
were obtained by plotting the individual peak areas against the concentration of corresponding calibration standards in HEXs, which were
used to establish the calibration curves. The single mass fragment (m/z)

2.2. Tap water sampling
Three tap water samples (Sample A, B and C) were collected near
242
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with the maximum abundance was selected as the quantification ion.
The limit of detection (LOD) was set at a signal-to-noise ratio (S/N) of
≥3 and the limit of quantification (LOQ) was set at a S/N of ≥10.
The QA/QC experiment, including method detection limit (MDL)
and sample addition experiments, were evaluate the feasibility of the
method. The MDL experiments were carried out with the spiking level
in 2.5 ng L−1 selected as 10 times the estimated MDL, and eventually
MDL was calculated according to the following formula (EPA, U.S.,
2016; Qiu and Cai, 2010):

MDL = t(n

1, 1

= 0.99) S

where MDL is the method detection limit based on spiked samples, t(n-1,
1-α=0.99) is the Student’s t-value appropriate for a single-tailed 99th
percentile t statistic and a standard deviation estimate with n-1 degrees
of freedom, which was set to 3.143 due to 7 replicate samples we assayed, S is the sample standard deviation of the replicate spiked sample
analyses.
Sample addition experiments were carried out according to Section
2.4.2. Three tap water samples prepared from Sample C were used to
evaluate matrix effect.
Fig. 1. Recoveries of 7 target compounds for 6 different cartridges.

3. Results and discussions
3.1. Parameters of the library of PPAHs and HPAHs

Al-N only kept the preferable recovery for 5 target compounds. GCB and
AC, as normal sorbents for analysis for the environmental pollutants
such as pesticides (El-Sheikh et al., 2008; Hennion, 2000), identified the
poor enrichment efficiency. GCB had 99.67% and 65.81% recovery only
for Phe-d10 and 5,6-diCl-Ace respectively and AC had no target compounds up to 60%, which even lost 9,10-diCl-Phe, 3-Br-Flt and 1-Br-Pyr
entirely.
In previous studies, LC18 achieved the optimal recovery of PAHs
(Kouzayha et al., 2011; Ma et al., 2010b). For Cl-PAHs, Sankoda et al.
reported 1-chloropyrene with a recovery of 105 ± 52% using SPE
(Empore C18 disk) (Sankoda et al., 2017). Qiao et al. reported 9 kinds
of Cl-PAHs with recoveries of 58–119% using SPE (Supelco LC18) (Qiao
et al., 2018). We reported 19 Cl-PAHs with the recoveries of 61–115%
using SPE (Supeclo LC18 coupled with Waters HLB) (Xu et al., 2018a).
In our research, LC18 achieved the high performance with PPAHs and
HPAHs. Therefore, LC18 was selected as the SPE cartridge for the next
elution solvent selection.

In this study, a library of 42 target compounds including 16 kinds of
PPAHs, 16 kinds of Cl-PAHs and 10 kinds of Br-PAHs was established.
To our knowledge, this is the first library for simultaneously identifying
and quantifying these compounds in drinking water. The name, abbreviation, formula, chemical abstracts service number (CAS) and
molecular weight (MW) of each compound are listed in Table S1.
Furthermore, synthesized four compounds, 3,5-diCl-Ace, 3,6-diCl-Ace,
3,5,8-triCl-Ace and 2,5-diCl-Flu, lacked CAS and MW. In addition, the
retention time of each compound, target ions, quota ions and abundance ratios of are listed in Table S3. For isomers of these compounds,
such as 1-Br-Nap and 2-Br-Nap, the single standard was respectively
injected to distinguish the order. Similarly, there were 11 groups of
isomers in our research; their orders are listed in Table S3 and the total
ion current (SIM) showed us the accurate peak patterns in Fig. S1.
3.2. SPE cartridge selection

3.3. Elution solvent selection

SPE is one of the most extensively used sample preparation technique for environmental samples with the advantages of simplicity,
flexibility, high selectivity, automation, speed and higher enrichment
factor (Dimpe and Nomngongo, 2016). In this research, six widely used
SPE cartridges including GCB, AC, Al-N, O-HLB, S-HLB and LC18 were
compared in Fig. 1. DCM was used as the elution solvent because we
achieved high performance of Cl-PAHs. Further research for elution
solvent selection is discussed in the next section. Each method was
performed in triplicate. Due to relatively mature sample preparation,
Phe-d10 as PPAHs surrogate standard and 6 kinds of typical HPAHs
which consisted of 1-Br-Nap, 5,6-diCl-Ace, 2,5-diCl-Flu, 9,10-diCl-Phe,
3-Br-Flt and 1-Br-Pyr were selected to evaluate the enrichment efficiency. It need to be elucidated that the selected six HPAHs have covered a wide range of vapor pressures and Log Kow values, which could
represent the total HPAHs (Sun et al., 2013). LC18 was identified as the
most robust cartridge with 66.81–114.3% recovery and within 10%
RSD for all 7 target compounds. Two HLB cartridges from different
suppliers were utilized, and only 6 and 5 target compounds had the
favorable recovery for S-HLB and O-HLB, respectively. 1-Br-Nap with
39.93% recovery for S-HLB and 1-Br-Nap and 2,5-diCl-Flu with 44.08%
and 50.21% respectively for O-HLB were failure to meet the repeatability. Al-N was a polar sorbent, however, and it sustained excellent
recovery for hydrophilic sulfonamides (Chen et al., 2009). In this research, Al-N was also evaluated for recovery. The results indicated that

The choice of elution solvents was crucial to the experimental results. In our research, DCM, HEX, and the mixture of DCM and HEX
(1:1, v/v) were selected to evaluate the most appropriate elution solvent according to recovery and RSD of the final results. The elution
efficiencies of three solvents (Fig. 2) were compared and each method
was performed in quadruplicate. Forty-two target compounds including
16 PPAHs, 16 Cl-PAHs and 10 Br-PAHs were selected for the optimal
elution solvent. DCM performed 74.88–119.4% recovery and
2.0–18.7% RSD for all 42 target compounds. The RSD of 1,6-diBr-Pyr
and 6-Br-BaP were 18.5% and 18.7% respectively indicating lower repeatability, although the recoveries were 110.1% and 100.6% respectively. HEX maintained favorable recovery and RSD of 35 target compounds. However, the recoveries of 9,10-diCl-Phe, 1-Br-Pyr, 1,6-diBrPyr exceeded 120% and 1-Cl-Nap, 1,4-diCl-Nap, 1-Br-Nap were below
60%. 1,6-diBr-Pyr, 6-Br-BaP failed to maintain the positive reproduction. Finally, the mixture of DCM and HEX (1:1, v/v) as an elution
solvent, produced an unexpected result: only 24 target compounds were
identified. The recoveries in the Phe-d10 of three conditions above were
94.37 ± 2.99%, 88.48 ± 4.93% and 91.53 ± 12.42%, respectively.
The recovery of PPAHs and HPAHs could have a preference for
different elution solvents due to their physic-chemical properties (i.e.,
water solubility, vapor pressure and log Kow value) (Sun et al., 2013).
For instance, HPAHs were more easily eluted by partial nonpolar
243
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Fig. 2. Recoveries of 42 target compounds for different elution solvents.

solvents due to their higher log Kow values. Based on the results above,
DCM was identified as the most suitable elution solvent for analyzing
all the target compounds, which was in good agreement with our previous report (Xu et al., 2018a). HEX as a nonpolar solvent performed
worse than DCM, which was considered to elute compounds with
higher log Kow values. Similarly, the mixture of DCM and HEX (1:1, v/
v) was believed to balance the polarity of PAHs and HPAHs however
the results were poor. Therefore, DCM was selected as the elution solvent.

which signified a high sensitivity of the apparatus for the target compounds. MDLs of the compounds were controlled below 3.5 ng L−1,
implying high performance for the method. Undesirable MDLs of partial
target compounds such as Nap, Phe, BaA and Chry were observed,
which resulted from blank pollution in laboratories. Lower responses
for 3-Br-Flt, 1-Br-Pyr, 1,6-diBr-Pyr and 6-Br-BaP probably led to fortifications with more than 2 ng L−1.
Matrix effect, a serious interference, is difficult to eliminate or reduce by adjusting GC-MS conditions or chromatographic columns
(Zhong et al., 2011), which causes the peak to shift or enhance in
certain cases (Dasgupta et al., 2011). Our results indicated that a high
performance for 42 target compounds with a recovery of 61.14–119.3%
was observed in sample addition (Fig. S2). The RSDs ranged from 1.3 to
17.3%, in which Acy, Ace, Flu, and Phe exceeded 10% but were controlled under 20%. In addition, 5-Cl-Ace, 1-Br-Nap, 2-Br-Nap and 5-BrAce demonstrated lower repeatability with RSD of 11.0–15.9%. The
results indicated that a negligible matrix effect was noted for the target
compounds in drinking water as previously reported (Wang and
Campiglia, 2008). However, there is no doubt that a method with high
accuracy and robust recovery were identified to determine PAHs and
HPAHs simultaneously in real drinking water.

3.4. Validation of the optimal method
LC18 and DCM were established as an optimized SPE cartridge and
elution solvent, respectively, for method validation and sample addition experiments. The performance of the whole method was evaluated
using the linear range and residual square value for external quantification. QA/QC experiment parameters are listed in Table 1. Linear
ranges from 0.5 to 400 ng mL−1 for 39 target compounds were
achieved. Three high cyclic compounds, BaP, Ipy and 6-Br-BaP had
narrower linear ranges (1–200 ng mL−1). The calibration curve was
linear in the entire range (R2 = 0.9929–0.9999). LODs and LOQs were
controlled at 0.10–0.50 ng mL−1 and 0.25–2.0 ng mL−1, respectively,
244
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Table 1
QA/QC experimental parameters for 42 target compounds.
Name

Linear range (ng mL−1)

Curve

R2

LOD (ng mL−1)

LOQ (ng mL−1)

MDL (ng L−1)

Nap
Acy
Ace
Flu
Phe
Ant
Flt
Pyr
BaA
Chry
BcP
BaP
BeP
Ipy
BPE
DBA
1-Cl-Nap
1,4-diCl-Nap
1,2,3,4-tetraCl-Nap
5-Cl-Ace
3,5-diCl-Ace
3,6-diCl-Ace
5,6-diCl-Ace
3,5,6-triCl-Ace
3,5,8-triCl-Ace
3,5,6,8-tetraCl-Ace
2,5-diCl-Flu
2,7-diCl-Flu
9-Cl-Phe
9,10-diCl-Phe
9-Cl-Ant
9,10-diCl-Ant
1-Br-Nap
2-Br-Nap
5-Br-Ace
2-Br-Flu
2,7-diBr-Flu
9-Br-Phe
3-Br-Flt
1-Br-Pyr
1,6-diBr-Pyr
6-Br-BaP

0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–200
0.5–400
1.0–200
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
0.5–400
1.0–200

Y = 59.80x-92.73
Y = 46.52x-34.18
Y = 32.85x+13.41
Y = 37.18x+10.33
Y = 57.11x+12.73
Y = 48.91x-132.4
Y = 65.09x-140.8
Y = 66.76x-138.9
Y = 48.19x-106.1
Y = 66.69x-234.7
Y = 45.31x-147.9
Y = 49.75x-110.4
Y = 69.38x-285.2
Y = 4.117x+0.001613
Y = 65.17x-412.4
Y = 68.68x-350.8
Y = 29.83x+27.03
Y = 25.83x+32.15
Y = 24.83x-3.111
Y = 27.39x-2.813
Y = 12.62x+9.936
Y = 15.46x-16.75
Y = 11.06x-18.36
Y = 11.36x-34.82
Y = 12.58x-17.99
Y = 11.75x-43.83
Y = 38.26x-90.34
Y = 36.64x-99.93
Y = 66.27x-101.1
Y = 34.33x-74.65
Y = 35.94x-149.8
Y = 32.74x-120.7
Y = 19.84x-42.53
Y = 19.60x+19.93
Y = 23.17x-49.17
Y = 38.42x-98.19
Y = 7.693x-48.36
Y = 22.80x-79.96
Y = 22.45x-48.89
Y = 23.50x-131.2
Y = 17.37x-135.1
Y = 1.326x-0.02920

0.9981
0.9996
0.9999
0.9999
0.9999
0.9988
0.9989
0.9990
0.9954
0.9986
0.9982
0.9947
0.9977
0.9999
0.9949
0.9966
0.9999
0.9999
0.9998
0.9998
0.9989
0.9994
0.9994
0.9982
0.9995
0.9976
0.9984
0.9986
0.9994
0.9990
0.9974
0.9977
0.9983
0.9995
0.9990
0.9988
0.9946
0.9978
0.9960
0.9959
0.9929
0.9996

0.10
0.10
0.25
0.10
0.25
0.25
0.25
0.25
0.25
0.25
0.25
0.50
0.50
0.25
0.50
0.50
0.25
0.10
0.10
0.50
0.25
0.25
0.50
0.25
0.25
0.50
0.10
0.10
0.10
0.10
0.10
0.10
0.25
0.25
0.25
0.25
0.25
0.25
0.50
0.50
0.50
0.50

0.50
0.50
0.50
0.50
1.00
1.00
0.50
0.50
0.50
0.50
0.50
2.00
2.00
1.00
1.00
1.00
1.00
0.50
0.50
2.00
1.00
0.50
2.00
1.00
1.00
1.00
0.25
0.25
0.25
0.25
0.50
0.25
1.00
1.00
1.00
1.00
2.00
0.50
1.00
2.00
2.00
2.00

2.51
0.61
0.86
1.19
2.22
0.66
1.03
1.02
2.56
2.50
0.84
1.76
1.90
1.39
0.87
1.35
0.51
0.34
0.47
0.65
0.44
0.36
0.99
1.25
0.53
1.71
0.79
0.58
0.70
0.61
0.58
0.72
0.45
0.59
0.41
0.52
1.47
0.92
2.13
2.46
3.37
3.11

3.5. PPAHs and HPAHs in tap water samples
In this study, 12 kinds of PPAHs and 5 kinds of HPAHs were detected in all three samples (Fig. 3). Twelve kinds of PPAHs with total
concentrations ranging from 21.37 to 33.69 ng L−1 were found in tap
water. Although Nap (6.48–12.09 ng L−1) and Phe (4.95–9.21 ng L−1)
dominated the PPAHs, trace BaP (0.22–0.42 ng L−1) and BaA
(0.32–0.67 ng L−1) were also detected. In addition, 5 kinds of HPAHs
including 2 kinds of Cl-PAHs and 3 kinds of Br-PAHs were detected with
total concentration ranging from 2.90 to 3.04 ng L−1 in all samples. 9Cl-Phe (0.12–0.30 ng L−1), 5,6-diCl-Ace (0.22–0.41 ng L−1) were found
in a total concentration of 0.35–0.61 ng L−1. In addition, 1-Br-Pyr
(0.45–0.54 ng L−1), 1,6-diBr-Pyr (0.61–0.68 ng L−1) and 6-Br-BaP
(1.07–1.56 ng L−1) were detected with the total concentration ranged
from 2.30 to 2.69 ng L−16-Br-BaP was dominated among the 3 kinds of
Br-PAHs. The recoveries of Phe-d10 of A, B, and C were
85.81 ± 4.66%, 95.56 ± 1.91%, and 98.76 ± 2.05%, respectively.
Previous studies reported PPAHs were ubiquitous in drinking water
(Donghong et al., 2007; Hanwen et al., 2014; Teresa Pena et al., 2009;
Wu et al., 2011; Xin et al., 2011). Similarly, we observed the existence
of PPAHs. In addition, the occurrence of trace BaP and BaA raised the
potential health risk due to their carcinogenicity and mutagenicity
(Bostrom et al., 2002). Furthermore, we observed 9-Cl-Phe was detected in tap water, which was in accordance with previous research
(Wang et al., 2016). To our knowledge, trace 1-Br-Pyr, 1,6-diBr-Pyr and

Fig. 3. The concentration of PPAHs and HPAHs from 3 random tap water
samples.
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6-Br-BaP were detected in tap water for the first time. Actually, bromide
ion (Br−) will transform to be hypobromous acid (HOBr) in the presence of Br− during chlorination, although chlorination disinfection is
designed to control microbial pathogens (Heeb et al., 2014; Xiao et al.,
2019). Previous studies showed that the rate constant of the reaction of
HOBr with natural organic matter is one to two orders of magnitude
higher than that of hypochlorous acid (HOCl) (Hua et al., 2006; Luo
et al., 2018). In addition, Hu et al. reported the formation of 1-Br-Pyr
and several probable dibromopyrenes in the coexistence of HOCl and
Br− (Hu et al., 2006), which were successfully identified in tap water
samples. Furthermore, among 5 kinds of HPAHs, 9-Cl-Phe and 5,6-diClAce have been known to elicit DNA-damaging effects (Huang et al.,
2018). 9-Cl-Phe, 1-Br-Pyr and 6-BaP manifest AhR activity (Ohura
et al., 2009). However, it was unknown for us whether there are other
toxicities due to their dioxin-like property. Therefore, the simultaneous
occurrence of PPAHs and HPAHs in drinking water should receive more
concern.
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4. Conclusions
A GC/MS method for the simultaneous analysis of 16 kinds of
PPAHs, 16 kinds of Cl-PAHs and 10 kinds of Br-PAHs in drinking water
was established in our study. The results indicate that enriching compounds by a LC18 cartridge and eluting with DCM is the optimal sample
preparation method when using only 1 L water samples. Furthermore,
negligible matrix effect was observed, and the method was capable of
simultaneously determining PPAHs and HPAHs at ng L−1 level in real
environmental samples. Twelve kinds of PPAHs, 2 kinds of Cl-PAHs and
3 kinds of Br-PAHs were detected. However, in a future study, we hope
to synthesize more standards of HPAHs to ensure whether more HPAHs
exist in drinking water and explore further formation mechanisms of
HPAHs.
In summary, the optimized methodology shows high performance,
excellent recovery, low matrix effect and can determine PPAHs and
HPAHs in low concentrations in drinking water in a robust and simple
way.
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