Water Research 186 (2020) 116336

Contents lists available at ScienceDirect

Water Research
journal homepage: www.elsevier.com/locate/watres

Kinetic and mechanistic insights into the abatement of cloﬁbric acid
by integrated UV/ozone/peroxydisulfate process: A modeling and
theoretical study
Wenlei Qin a,b, Zhuang Lin a, Huiyu Dong b, Xiangjuan Yuan a,c,∗, Zhimin Qiang b,
Shaogang Liu d, Dongsheng Xia a,c,∗
a

School of Environmental Engineering, Wuhan Textile University, No.1 Sunshine Avenue, Wuhan 430200, China
Research Center for Eco-Environmental Sciences, University of Chinese Academy of Sciences, Chinese Academy of Sciences, 18 Shuang-qing Road, Beijing
100085, China
c
Engineering Research Center for Clean Production of Textile Dyeing and Printing, Ministry of Education, No.1 Sunshine Avenue, Wuhan 430200, China
d
School of Chemistry and Chemical Engineering, Guangxi University for Nationalities, 158 Da-xue Road, Nanning 530008, China
b

a r t i c l e

i n f o

Article history:
Received 5 June 2020
Revised 8 August 2020
Accepted 23 August 2020
Available online 24 August 2020
Keywords:
UV
Ozone
Peroxydisulfate
Kinetic modeling
Quantum chemical calculation

a b s t r a c t
The feasibility of integrated UV/ozone (O3 )/peroxydisulfate (PDS) process for abatement of cloﬁbric acid
(CA) was systematically explored in this study with focus on the kinetic simulation and oxidation mechanisms. The results indicated the UV/O3 /PDS process was of prominent treatment capability with pseudoﬁrst-order rate constant of CA degradation increased by 65.9% and 86.0% compared to UV/O3 and UV/PDS
processes, respectively. A chemical kinetic model was developed and successfully employed to predict
•
CA elimination as well as the speciﬁc contributions of UV, hydroxyl radical ( OH) and sulfate radical
•
(SO4 − ) under different PDS dosage, pH, natural organic matters, bicarbonate and chloride conditions
in UV/O3 /PDS process. According to quantum chemical calculation, radical addition on ortho site of isopropoxy substituent and single electron transfer were corroborated to be the dominant reaction channels
•
•
for the oxidation of CA by OH and SO4 − , respectively. Additionally, the reactive sites and transformation
pathways of CA were proposed via Fukui function calculation and UPLC-Q-TOF-MS analysis. Moreover, the
performance of UV/O3 /PDS process was further evaluated with regard to the energy demand and bromate
formation. This study ﬁrst proposed a kinetic model in UV/O3 /PDS process and elucidated the regioselectivity and products distribution of CA during oxidative treatment.
© 2020 Elsevier Ltd. All rights reserved.

1. Introduction
The emergence of diverse micropollutants such as pharmaceuticals and pesticides in aquatic ecosystem has raised considerable
concern owing to the potential risk of triggering adverse ecological
and health effects to wildlife and humans (Schwarzenbach et al.,
2006; Richardson and Ternes, 2014). Cloﬁbric acid (CA), as the active metabolite of lipid regulators (e.g., cloﬁbrate and etoﬁbrate),
exhibited high persistence in water systems and was frequently
detected at concentrations of 0.03 to 0.55 μg L−1 (Buser et al.,
1998; Isidori et al., 2007). However, traditional biological treatment
processes can only achieve limited removal of CA due to its stable
chemical structure (Sui et al., 2011). Hence, development of appro-
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priate technology to mitigate such micropollutants has become an
imperative issue for water resources protection and potable reuse.
Ozonation has been extensively studied for eﬃcient abatement
of a large number of organic micropollutants via the direct oxidation by ozone (O3 ) molecule and indirect oxidation by generated hydroxyl radical (• OH) from O3 decomposition (von Gunten, 2003a; Huber et al., 2005; von Sonntag and von Gunten, 2012;
von Gunten, 2018). Recently, sulfate radical (SO4 •− )-based advanced oxidation processes (AOPs) have gained substantial scientiﬁc interests and the UV photolysis of peroxydisulfate (PDS) (i.e.,
UV/PDS) was demonstrated to be an effective option to produce
SO4 •− by the homolytic cleavage of the peroxide bond (Xie et al.,
2015; Luo et al., 2016; Yang et al., 2019). Typically, SO4 •− , as a
strong one-electron oxidant with a redox potential of 2.5−3.1 V,
has an extremely high reactivity towards a wide range of organic
compounds, which is comparable with that of • OH (Buxton et al.,
1988; Neta et al., 1988). In addition, SO4 •− tends to react with
organic substances through the one-electron transfer mechanism
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rather than H abstraction and addition processes, and is less impacted by water matrix components such as natural organic matters (NOM) and alkalinity, indicating that SO4 •− oxidation may
complement • OH-based AOPs with diverse compound reactivities, products patterns and energy eﬃciencies (Neta et al., 1988;
Lutze et al., 2015a).
To address the limited treatment capability of single AOP
for water quality improvement, the combined AOPs can be employed to expedite the decontamination of refractory compounds.
It was reported that the combination of O3 or O3 /H2 O2 with
UV/H2 O2 could achieve signiﬁcant mitigation of micropollutants
with decrease of energy consumption and minimization of oxidation byproducts formation (Lekkerkerker-Teunissen et al., 2012;
Lee et al., 2016). Additionally, UV/PDS can potentially have a higher
eﬃciency and a lower energy footprint than UV/H2 O2 owing to
the higher quantum yield of PDS than H2 O2 (0.7 versus 0.5) and
the less dependence on operational parameters (Luo et al., 2015;
Li et al., 2018). However, the integration of ozonation with UV/PDS
process for water puriﬁcation has rarely been investigated, which
may also be an appealing alternative due to the simultaneous generation of • OH and SO4 •− .
The structural diversity of micropollutants in varying water
matrices makes it cost-prohibitive and time-consuming to measure their mitigation eﬃciencies, and poses a challenge for generalized design of advanced water treatment processes. Lee at
al. (2013) have reported that a chemical kinetic model can be
applied to predict the degradation eﬃciencies of micropollutants
during ozonation by use of kinetic and water speciﬁc information. In addition, several other studies have proposed and tested
the simpliﬁed kinetic models based on steady-state approximation
in UV/PDS process (Luo et al., 2015; Luo et al., 2016; Lian et al.,
2017). However, a comprehensive kinetic model to estimate the
abatement of contaminants and investigate the distribution of various reactive radicals has never been reported in the integrated
UV/O3 /PDS process. Furthermore, it still remains challenging to
clarify the mechanistic aspects of CA attenuation during oxidative
treatment, especially in relation to the contribution of each reaction pathway, due to the restriction of analytical methods. Quantum chemical calculation is proven to be a powerful tool for theoretical investigations on bimolecular reactions and can provide
a supplement or even an alternative to experimental studies for
understanding of oxidation mechanisms of organic compounds in
AOPs (An et al., 2014; Gao et al., 2014; Tentscher et al., 2019).
The main objectives of this study are to: 1) investigate the performance of UV/O3 /PDS process for the elimination of CA; 2) develop a comprehensive kinetic model to predict the abatement
of CA in UV/O3 /PDS process; 3) explore the theoretical oxidation
mechanisms and propose the plausible degradation pathways of
CA in UV/O3 /PDS process; and 4) assess the energy demand and
bromate formation potential of UV/O3 /PDS process.
2. Materials and methods
2.1. Materials
The detailed sources of chemicals and reagents are provided in
Text S1.
2.2. Experimental procedures
All the experiments were performed in 5 mM phosphate buffer
solution in a 1 L cylindrical batch reactor (Fig. S1). PDS with predetermined concentration was added into the experimental solution spiked with CA at desirable concentration before initiating the
reaction. It should be noted that the CA mainly existed in the neutral form at pH below 3.0 and deprotonated form at pH above 4.0

in this study (pKa of CA = 3.18). The UV irradiation (254 nm) was
provided by a low pressure mercury vapour lamp ﬁxed in the center of the reactor. The UV photon ﬂux (I0 ) was determined to be
1.97 × 10−6 Einstein s−1 by iodide/iodate chemical actinometry
(Bolton and Linden, 2003). The effective path length (l) was determined to be 4.64 cm by measuring the photolysis rate of H2 O2
(Li et al., 2017). The corresponding average UV ﬂuence rate (Ep 0 )
was approximately 4.3 mW cm−2 . Gaseous O3 was generated from
pure oxygen by a laboratory ozone generator (3S-A3, Tonglin Technology, China) and bubbled into the buffered solution via a diffuser
disc at the bottom of the reactor. Samples were withdrawn at predeﬁned time intervals, quenched by excess Na2 S2 O3 and stored in
the dark at 4°C for further analysis. All the experiments were performed at least in triplicate.
2.3. Analytical methods
The gaseous O3 concentration was measured by UV-2100 O3
analyzer (ZIBO ZHIPRER, China) and the aqueous O3 concentration was determined by an O3 concentration detector (CL7685, B&C
Electronics, Italy) and indigo method (Bader and Hoigne, 1981).
The concentration of CA was quantiﬁed by Waters e2695 HPLCUV detector (USA) at λ = 230 nm using methanol/0.1% phosphoric acid (85:15, v/v) as the mobile phase at a ﬂow rate of 1.0 mL
min−1 . The CA degradation products were identiﬁed by an ultraperformance liquid chromatography-tandem quadrupole time-ofﬂight mass spectrometry (UPLC-Q-TOF-MS, Waters, USA) and the
detailed operational parameters are provided in Text S2. Reactive
radicals (e.g., • OH and SO4 •− ) were characterized by the electron
paramagnetic resonance (EPR) experiments (A300, Bruker, USA,
Wu et al., 2019a).
2.4. Kinetic modeling
A chemical kinetic model containing 107 elementary reactions
was implemented by Kintecus 5.20 software (Ianni, 2014) using the
rate constants determined in this study, obtained from the literature or estimated based on analogy with similar reactions to simulate the concentrations of various reactive radicals and target contaminants (Table S1).
2.5. Computational methods
Quantum chemical calculations were conducted to explore the
reaction pathways of CA with • OH and SO4 •− based on density
functional theory. All geometries were optimized without symmetry constraints at B3LYP/6–31G∗ level by Gaussian 09 program
Becke, 1993; Frisch et al., 2009). Vibrational frequencies were calculated at the same level of geometry optimization to characterize
the nature of stationary points with no imaginary frequency for reactants and products, and only one imaginary frequency for transition state (TS) species. Intrinsic reaction coordinate calculations
were performed to verify that the TS species connected the correct
reactants and products on potential energy surfaces. Single point
energies of optimized structures were calculated at M06–2X/6–
311+G∗∗ level with the solvation model based on density (SMD)
implicit solvation model (Zhao and Truhlar, 2008; Marenich et al.,
◦
2009). Noteworthily, the activation barrier (‡ GSET ) of single electron transfer reaction is calculated by Marcus theory (Eqs. (1) and
(2) (Gao et al., 2014; Luo et al., 2017).

(λ+GSET )2
4λ
◦

◦

‡ GSET =

λ = E ◦ SET − G◦ SET

(1)
(2)
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pedited by UV/O3 /PDS treatment with the pseudo-ﬁrst-order rate
constant (kobs ) of 0.785 min−1 , which was increased by 1.9 and
1.7 times compared to UV/PDS (0.422 min−1 ) and UV/O3 (0.473
min−1 ), respectively. The results demonstrate that the UV/O3 /PDS
process is of pronounced treatment capability and may serve as a
potential alternative for eﬃcient abatement of refractory contaminants.
It is expected that both • OH and SO4 •− can be generated in
UV/O3 /PDS process, which was corroborated by the EPR experiments (Fig S2) (Zou et al., 2013; Wu et al., 2019a). To quantitatively
elucidate the roles of • OH and SO4 •− , nitrobenzene (NB) was used
as a • OH probe compound, which reacts rapidly with • OH but resists to the oxidation by O3 and SO4 •− (k•OH, NB = 3.9 × 109 M−1
s−1 , kO3 ,NB = 0.09 M−1 s−1 , kSO•− ,NB < 106 M−1 s−1 ) (Hoigne and
4

Bader, 1983; Buxton et al., 1988; Neta et al., 1988). The second
order rate constants for the reactions of CA with O3 , • OH and
SO4 •− were determined to be 9.5, 2.8 × 109 and 2.3 × 109 M−1
s−1 , respectively (Text S3 and Fig S3). The contribution of molecular O3 to CA removal was conﬁrmed to be negligible (< 1.0%) in
UV/O3 /PDS process via the determination of O3 exposure and the
detailed calculation of the relative contributions of • OH and SO4 •−
are provided in Text S4 (Guo et al., 2017; Wu et al., 2019b). As displayed in Fig 1b, the speciﬁc degradation rates of CA by UV (kUV ),
•
OH (k•OH ) and SO4 •− (kSO•− ) in UV/O3 /PDS process were calcu4

lated to be 0.232, 0.178 and 0.375 min−1 , respectively. Compared
to UV/O3 process, the k•OH decreased from 0.241 to 0.178 min−1 ,
which could be explained by the competition of PDS with O3 for
UV light absorbance and the scavenging effect of PDS towards
•
OH (k•OH,PDS = 1.4 × 107 M−1 s−1 ).11 Interestingly, the kSO•− in
4

UV/O3 /PDS process was higher than that in UV/PDS process (contribution of • OH in UV/PDS was insigniﬁcant, data not shown), indicating that the presence of O3 may enhance the formation of
SO4 •− under UV irradiation via the electron transfer from • OH and
other reactive radicals (Abu Amr et al., 2013; Yang et al., 2016a).
3.2. Effect of PDS dosage and pH
Fig. 1. (a) Comparison of CA degradation in various systems. (b) Determination of
•
•
speciﬁc degradation rates of CA by UV, OH and SO4 − in UV/O3 /PDS process. Experimental conditions: [CA]0 = 50 μM, [NB]0 = 50 μM (b), average UV ﬂuence
rate = 4.3 mW cm−2 , [O3 ] = 2.4 mg min−1 , [PDS]0 = 0.4 mM, 5 mM phosphate
buffered pH = 6.0, T = 25°C.

◦

where GSET is the Gibbs free energy change for single electron
transfer reaction, λ is the reorganization energy related to solute
◦
and solvent rearrangements, and ESET is the nonadiabatic energy
change between reactants and vertical products (i.e., the energies
of products are calculated at the same geometries of reactants with
a change of charge and spin multiplicity).
3. Results and discussion
3.1. Comparison of CA abatement in various systems
The degradation of CA was evaluated and compared in different
systems, including PDS alone, UV alone, O3 alone, O3 /PDS, UV/O3 ,
UV/PDS and UV/O3 /PDS. As shown in Fig 1a, the direct oxidation of
CA by PDS was negligible. In addition, no obvious enhancement of
CA removal was observed in O3 /PDS process compared to O3 alone,
which was consistent with the previous study that O3 almost does
not directly react with PDS (Yang et al., 2015). The UV/PDS and
UV/O3 could abate 34.7 and 36.5 μM of CA after 3 min, while only
27.1 and 21.4 μM of CA was degraded in UV alone and O3 alone,
respectively. Importantly, the degradation of CA was obviously ex-

Fig 2a displays the kobs of CA degradation at different PDS
dosages in UV/O3 /PDS process. The kobs increased from 0.521 to
0.785 min−1 with the increase of PDS dosage from 0.1 to 0.4 mM,
which decreased to 0.716 min−1 as PDS further increased to 0.5
mM. Based on Kintecus simulation, the modeling results of kobs
(kcal,tot ) of CA removal and the speciﬁc rates of UV (kcal,UV ), • OH
(kcal,•OH ) and SO4 •− (kcal,SO•− ) in UV/O3 /PDS process are also pro4

vided in Fig 2a. It was observed that the kcal,tot values were basically consistent with the experimental values and the simulated
steady-state concentrations of • OH and SO4 •− at 0.4 mM PDS
dosage were also in agreement with the determined results by using NB as a probe compound (Table S2). The kcal,UV values were
slightly lower than the kUV in UV alone due to the UV absorbance
by O3 and PDS in UV/O3 /PDS process. Moreover, the contribution
of SO4 •− to CA abatement was always higher than that of • OH
on account of the low dissolved O3 concentrations during reactions (range from tens to hundreds of μg L−1 ), which increased
from 30.7% to 53.2% in the PDS dosage range of 0.1 to 0.5 mM.
Noteworthily, the kcal,•OH also raised from 0.089 to 0.201 min−1
with increasing PDS dosage from 0.1 to 0.5 mM, which can be attributed to the promoted • OH production via the electron transfer of SO4 •− with OH− and H2 O (kSO•− ,OH− = 6.5 × 107 M−1 s−1 ,
4

kSO•− ,H
4

2O

= 8.3 M−1 s−1 ) (Neta et al., 1988; Yu et al., 2004). How-

ever, the generated • OH and SO4 •− can also be scavenged by PDS
with rate constants of 1.4 × 107 and 5.5 × 105 M−1 s−1 (Xie et al.,
2015; Luo et al., 2016), resulting in the decrease of kobs at high PDS
dosage (not well predicted by the model).

4
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Fig. 2. Effect of (a) PDS dosage and (b) pH on the kobs of CA degradation and spe•
•
ciﬁc rates of UV, OH and SO4 − in UV/O3 /PDS process. Experimental conditions:
[CA]0 = 50 μM, average UV ﬂuence rate = 4.3 mW cm−2 , [O3 ] = 2.4 mg min−1 ,
[PDS]0 = 0.4 mM (b), 5 mM phosphate buffered pH = 6.0 (a), T = 25°C.

As shown in Fig 2b, the kobs of CA degradation was not signiﬁcantly affected with the variation of solution pH. As pH increased from 4.0 to 8.0, the kobs increased from 0.714 to 0.827
min−1 and the kcal,tot also agreed well with the experimental results. At pH 4.0 to 6.0, the contributions of • OH and SO4 •− to
CA removal almost remained constant with kcal,•OH and kcal,SO•−
4

in the range of 0.180−0.187 and 0.412−0.419 min−1 , respectively.
Luo et al. (2016) have reported that the formation of SO4 •− from
PDS photolysis at 254 nm is not inﬂuenced by the change of pH
due to the identical quantum eﬃciency of photo-dissociation and
molar absorption coeﬃcient. In addition, CA mainly existed in the
deprotonated form in the investigated pH range due to its low
pKa (pKa of CA = 3.18) (Kong et al., 2018), indicating the reaction rates of CA with • OH and SO4 •− were also slightly affected
by pH. With the increase of pH from 6.0 to 8.0, the kcal,•OH raised
from 0.187 to 0.242 min−1 , along with the decline of kcal,SO•− from

Fig. 3. Effect of (a) NOM, (b) bicarbonate and (c) chloride on the kobs of CA degra•
•
dation and speciﬁc rates of UV, OH and SO4 − in UV/O3 /PDS process. Experimental conditions: [CA]0 = 50 μM, average UV ﬂuence rate = 4.3 mW cm−2 , [O3 ] =
2.4 mg min−1 , [PDS]0 = 0.4 mM, 5 mM phosphate buffered pH = 6.0, T = 25°C.

4

0.419 to 0.366 min−1 . The enhanced generation of • OH with increase of pH may be attributed to the much higher reaction rate
of O3 with formed HO2 − than that with H2 O2 and the accelerated conversion of SO4 •− into • OH (kO3 ,H2 O2 < 0.01 M−1 s−1 ,
kO ,HO− = 5.5 × 106 M−1 s−1 ) (Staehelin and Hoigne, 1982;
3

2

Sein et al., 2007). However, the scavenging effect of HPO4 2− towards SO4 •− (k = 1.2 × 106 M−1 s−1 ) is two orders of magnitude
stronger than H2 PO4 − (k = 7.2 × 104 M−1 s−1 ) (Neta et al., 1988),
which leads to the decreasing trend of SO4 •− at high pH.
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which can be attributed to the rate constants for NOM used in this
study. Furthermore, O3 can directly react with speciﬁc electronrich moieties in NOM (e.g., phenols and amines) to produce • OH
(Buﬄe and von Gunten, 2006; Lee et al., 2013). Additionally, the
formation of photo-oxidants from NOM photosensitization under
UV irradiation (e.g., excited triplet state of NOM and singlet oxygen) may also contribute to the degradation of organic pollutants
(Lester et al., 2013; Gao et al., 2019).
3.3.2. Bicarbonate
As depicted in Fig 3b, the kobs slightly declined from 0.785 to
0.627 min−1 with the increase of HCO3 − concentration from 0 to 5
mM. Also, the kcal,•OH and kcal,SO•− decreased from 0.187 to 0.053
4

Fig. 4. Relationship between the experimental kobs and the predicted kobs of
six selected micropollutants in UV/O3 /PDS process. Experimental conditions:
[micropollutants]0 = 50 μM ([iopamidol]0 = 15 μM), average UV ﬂuence rate = 4.3
mW cm−2 , [O3 ] = 2.4 mg min−1 , [PDS]0 = 0.4 mM, 5 mM phosphate buffered
pH = 6.0, T = 25°C.

min−1 and 0.419 to 0.383 min−1 , respectively. HCO3 − can scavenge
•
OH and SO4 •− to form CO3 •− with rate constants of 8.5 × 106
and 1.6 × 106 M−1 s−1 , respectively (Zuo et al., 1999; Grebel et al.,
2010). It should be noted that both H2 CO3 and HCO3 − are the
dominant carbonate species at pH 6 (pKa1 = 6.3, pKa2 = 10.3)
and SO4 •− is assumed to react with H2 CO3 with similar rate constant to that with HCO3 − due to the unavailable rate constant of
SO4 •− with H2 CO3 (Table S1) (Fang et al., 2014; Luo et al., 2016).
According to the simulation results, the steady-state concentration
of CO3 •− was even higher than • OH (Table S2). Nevertheless, the
contribution of CO3 •− to CA abatement was insigniﬁcant due to its
low reaction rate with CA (Kong et al., 2018).
3.3.3. Chloride
The presence of Cl− also exhibited slightly inhibitory effect on
the degradation of CA in UV/O3 /PDS process (Fig 3c). With the increase of Cl− from 0 to 10 mM, the kobs decreased from 0.785 to
0.625 min−1 . Interestingly, the kcal,•OH sharply raised from 0.187
to 0.432 min−1 with the introduction of 3 mM Cl− , along with the
distinct decrease of kcal,SO•− from 0.419 to 0.025 min−1 . The contri4

Fig. 5. The potential energy surfaces for the reactions of CA with
at SMD/M06–2X/6–311+G∗ ∗ //B3LYP/6–31G∗ level.

•

OH and SO4

•−

3.3. Effect of water matrices
3.3.1. NOM
The presence of NOM obviously retarded the degradation of CA
in UV/O3 /PDS process (Fig 3a). As NOM concentration increased
from 0 to 10 mgC L−1 , the kobs decreased from 0.785 to 0.255
min−1 . Speciﬁcally, the kcal,UV , kcal,•OH and kcal,SO•− decreased by

butions of • OH and SO4 •− almost stayed unchanged with further
increase of Cl− . Lutze et al. (2015b) have pointed out that SO4 •−
can substantially transform into • OH in the presence of Cl− at pH
≥ 5.0 (Eqs. (3)−(5)). Although • OH also reacts quickly with Cl−
(Eqs. (5), reverse), this reaction is inhibited by the extremely fast
forward reaction and the formation of Cl• from oxidation of Cl−
by • OH is only signiﬁcant at a pH below 3.0 (Eqs. (6)) (von Gunten, 2003b; Yang et al., 2014). Generally, several reactive chlorine
species (e.g., Cl• , Cl2 •− and ClO• ) can be formed from the reactions of Cl− with • OH and SO4 •− , and the simulated steady-state
concentrations are presented in Table S2. The rate constants of CA
with Cl• and Cl2 •− were reported to be 5.5 × 109 and 1.4 × 108
M−1 s−1 , respectively, while the reaction of CA with ClO• was assumed to be ignorable (Kong et al., 2018; Lei et al., 2019). The
Cl• achieved the highest contribution to CA removal at 1 mM Cl−
dosage (0.7%) but declined with the increase of Cl− , whereas the
contribution of Cl2 •− increased from 0 to 3.2% in the Cl− dosage
from 0 to 10 mM, which was mainly ascribed to the enhanced
transformation of Cl• into Cl2 •− (Eqs. (7)) (Yu and Barker, 2003;
Li et al., 2018).

4

66.1%, 99.3% and 84.8% in the presence of 10 mgC L−1 NOM, respectively. NOM can quench • OH and SO4 •− with rate constants of
1.4 × 104 and 6.8 × 103 (L mgC −1 s−1 ), respectively (Lutze et al.,
2015a). Additionally, NOM can exert as an inner ﬁlter of UV light to
reduce the formation of • OH and SO4 •− from photolysis of O3 and
PDS (ε NOM,254nm = 0.028 L mgC −1 cm−1 , determined in this study)
(Fang et al., 2014; Wu et al., 2019b). As illustrated in Fig 3a, the
kcal,tot with no ﬁlter effect deviated more signiﬁcantly from kcal,tot
than that with no scavenging effect, demonstrating the scavenging effect of NOM may be less important in UV/O3 /PDS process. It
was noted that the kcal,tot values were all lower than the experimental values, especially for high dosage of NOM (10 mgC L−1 ),

•

2−
8
−
−1 −1
SO•−
4 + Cl → SO4 + Cl k = 3.0 × 10 M s

(3)

Cl• + H2 O → ClOH•− + H+ k = 2.5 × 105 M−1 s−1

(4)

ClOH•− ↔ • OH + Cl− kfor = 6.1 × 109 s−1 , krev = 4.3 × 109 M−1 s−1 (5)
•

ClOH•− + H+ → Cl + H2 O k = 2.1 × 1010 M−1 s−1
•

•−

Cl + Cl− → Cl2 k = 8.5 × 109 M−1 s−1

(6)
(7)

6
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3.4. Kinetic model validation
To further corroborate the reliability of the kinetic model,
other eight micropollutants with different degradation patterns
by O3 and UV were also investigated in UV/O3 /PDS process, including diclofenac, sulfamethoxazole, naproxen (O3 & UV-reactive);
bisphenol A, carbamazepine (O3 -reactive & UV-resistant); atrazine,
iopamidol (O3 -resistant & UV-reactive) and ibuprofen (O3 & UVresistant) (Lee et al., 2016). The kinetic and optical parameters
of the selected micropollutants are provided in Table S3. For O3 reactive contaminants (i.e., kO3 > 1.0 × 105 M–1 s–1 ), the dissolved
O3 during reactions was below the detection limit and cinnamic
acid was employed as a chemical probe for O3 exposure estimation, which selectively reacts with O3 to form benzaldehyde via
the Criegee mechanism in 1:1 stoichiometry (Text S5) (Yang et al.,
2016b). As shown in Fig 4, the predicted kobs of six compounds
were basically consistent with the experimental decay rates, however, the calculated kobs of diclofenac and bisphenol A were signiﬁcantly higher than the measured values (data not shown). For
O3 -reactive micropollutants, the contributions of O3 molecule were
34.6−82.7% and • OH contributions were all below 10.0% because of
the much lower concentrations of formed • OH (~ 10−14 M) than
aqueous O3 (~ 10−8 M) under this experimental condition. The
UV photolysis contributed 7.9% and 10.4% to naproxen and sulfamethoxazole degradation, respectively, but only 0.2% to carbamazepine. For O3 -resistant micropollutants, the O3 contributions
were below 1.5% and the contributions of UV and • OH were in
the range of 9.2−30.5% and 29.3−40.3%, respectively. Furthermore,
the contributions of SO4 •− were all above 40.0% except for sulfamethoxazole (5.4%) and carbamazepine (24.7%), which could be
attributed to the reduced PDS photolysis resulting from the high
molar absorption coeﬃcient of sulfamethoxazole and the relatively
low rate constant between carbamazepine and SO4 •− (Table S3).
Considering the error introduced by O3 concentration estimation,
this kinetic model may be more suitable for the elimination prediction of O3 refractory micropollutants.
3.5. Theoretical thermodynamics for the oxidation of CA
The oxidation of CA by • OH and SO4 •− via three pathways:
radical adduct formation (RAF), hydrogen atom transfer (HAT)
and single electron transfer (SET) was theoretically investigated at
SMD/M06–2X/6–311+G∗∗ //B3LYP/6–31G∗ level (Figs. 5 and S4). The
◦
detailed thermodynamic results (e.g., enthalpy change HR , Gibbs
◦
◦
free energy change GR and Gibbs free energy of activation ‡ G )
are tabulated in Table S4. For RAF pathways, each site was ther◦
◦
modynamically favorable (GR < 0) and exothermic (HR < 0)
◦
◦
for • OH oxidation with GR and HR in the range of –32.00 to
–6.86 kcal mol–1 and –40.13 to –16.69 kcal mol–1 , respectively.
However, the addition routes may only happen at C7, C8 and C9
sites for SO4 •− , which could be attributed to the loss of aromaticity and the steric hindrance effect of –O–C(CH3 )2 –COOH group for
SO4 •− has a larger molecular size than • OH (Yang et al., 2017;
Gao et al., 2019). It should be noted that spontaneous dechlorination occurred during the optimization of the addition products
◦
◦
on C8 site, resulting in the lower GR and HR . For HAT path•
•−
ways, both OH and SO4
could abstract the H atom on methyl
groups (H15 and H24), while the H transfer on carboxyl (H25) was
thermodynamically unfavorable, primarily due to the higher bond
dissociation energy of the O–H bond in carboxyl (110−112 kcal
◦
mol−1 ) (Mendes et al., 2014). The GR of SET were 15.98 and –
•
•−
–1
3.90 kcal mol for OH and SO4 , respectively, manifesting such
reaction pathway was only spontaneous for SO4 •− . Furthermore,
◦
the ‡ G for • OH and SO4 •− reactions ranged from 7.86 to 16.02
kcal mol–1 and 3.81 to 12.06 kcal mol–1 , respectively. Owing to
the formation of intramolecular hydrogen bond between hydroxyl

◦

and carboxyl groups (Fig S5), the ‡ G of • OH addition onto C6
site was obviously lower than other reaction channels, demonstrating RAF as the dominant reaction pathway for • OH (Xiao et al.,
◦
2014). Additionally, the ‡ G for SO4 •− obtained the lowest value
at SET route, which was consistent with the previous reports that
SO4 •− tends to react with organic compound via an electron transfer pathway (Neta et al., 1988; Luo et al., 2017).
3.6. Transformation mechanisms and proposed pathways of CA
To further clarify the molecular susceptibility of CA to O3 and
radicals at atomic level, the condensed Fukui function (f) and dual
descriptor (f) based on Hirshfeld charge were calculated by Multiwfn software and the detailed descriptions and results are provided in Text S6 and Table S5 (Parr and Yang, 1984; Yang and
Mortier, 1986; Lu and Chen, 2012). As depicted in Fig 6a, Cl11,
C8, C5 and O4 hold the most negative values of f, suggesting
the most favorable sites for O3 attack due to the intrinsic electrophilic characteristic of O3 (red area refers to negative value of
f, whereas blue area refers to positive value). In addition, aromatic ring and Cl11 were demonstrated to be the most vulnerable sites to radical attack (Fig 6b, blue area refers to higher value
of f0 and red area refers to lower value), which was consistent
with the location of highest occupied molecular orbital (HOMO)
(Fig S6). It is worth noting that although chlorine substituent (–
Cl) is an electron withdrawer, the isopropoxy (–O–C(CH3 )2 –) is an
electron donating group (Luo et al., 2017). Meanwhile, both isopropoxy and chlorine substituents are ortho-para-directors, implying that isopropoxy can increase the electron density on the ring
carbons ortho and para to it, while chlorine substituent primarily
decreases the electron density meta to it, which may account for
the relatively high reactivity of C5 and C8 sites.
The main transformation products (TPs) of CA during
UV/O3 /PDS treatment were identiﬁed by UPLC-Q-TOF-MS and
the detailed information and MS spectra are provided in Table
S6 and Fig S7. As shown in Fig 6c, dechlorination, hydroxylation,
demethylation and decarboxylation were the dominant transformation mechanisms for the abatement of CA in UV/O3 /PDS
process. Initially, the cleavage of Cl11–C8 bond and subsequent
reactions with hydronium ions and hydrated electrons formed
the dechlorinated product TP 1 (Chen et al., 2017). The formation
of TP 2 may result from C8 addition of • OH followed by oxygen
mediated elimination of H• or electron abstraction by SO4 •−
followed by water trapping of radical cation at C8 site (Song et al.,
2012; An et al., 2014). In addition, the release of singlet oxygen
from O3 adduct on C8 site and subsequent H transfer also contributed to the hydroxylated product TP 2 (von Sonntag and von
Gunten, 2012). The H abstraction on methyl groups of TP 2 by
•
OH/SO4 •− could produce a carbon-center radical, which was
oxidized by O2 to yield a peroxy radical and converted to the
demethylated TP 3a eventually (Khan et al., 2014). The dissociation
of C–COOH bond by UV photolysis may be responsible for the
decarboxylation reaction, which was also commonly observed in
the photodegradation of naproxen and ibuprofen (Marotta et al.,
2013; Luo et al., 2018a; Luo et al., 2018b; Wu et al., 2019b).
Hydroxylation of the decarboxylated intermediate of TP 3a resulted in the generation of TP 4. Ultimately, the attack of O3 and
•
OH/SO4 •− on C5–O4 sites leaded to the formation of TP 9. Similar transformation mechanisms can also be employed to explain
the production of TP 3b , TP 5, TP 6, TP 7 and TP 8 during the
degradation of CA in UV/O3 /PDS process. Noteworthily, the • OH
addition product of CA was not experimentally detected, whereas
it’s transformation products such as TPs 10–12 were observed in
this study. In addition, the transformation products of CA were
also detected in the UV/O3 and UV/PDS processes, and the detailed
comparison and results are provided in Text S7 and Fig S8.
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Fig. 6. The contour surfaces of (a) dual descriptor and (b) Fukui function f0 for CA with isovalue of 0.01. (c) Proposed transformation pathways of CA during UV/O3 /PDS
treatment. Experimental conditions: [CA]0 = 250 μM, [PDS]0 = 2.0 mM, average UV ﬂuence rate = 4.3 mW cm−2 , [O3 ] = 2.4 mg min−1 , pH = 2.5, T = 25°C.

3.7. Energy consumption and bromate formation
The electrical energy per order (EE/O) was used to calculate
the energy requirement for the degradation of CA in different processes (Text S8). As depicted in Fig S9, the EE/O in various systems followed the order: O3 /PDS > UV/PDS > UV/O3 /PDS > UV
alone > UV/O3 > O3 alone. Since the reactivity between O3 and
PDS was low, while PDS was expensive, O3 /PDS was demonstrated
to be the most energy-intensive technique for CA abatement. Compared to UV/PDS, the introduction of O3 accelerated the generation of • OH and SO4 •− , which offset the energy demand of O3 and
leaded to lower EE/O of UV/O3 /PDS. However, UV/O3 /PDS process
was less cost-effective than UV/O3 , primarily due to the inhibited
•
OH formation and the high price of PDS. It should be noted that
although the energy consumption of UV alone and O3 alone were
lower, they may not be eﬃcient enough to achieve a satisfactory
removal of recalcitrant micropollutants.
Bromate formation was typically an important issue during
ozonation treatment. The formation of bromate in O3 alone, UV/O3
and UV/O3 /PDS processes were also examined in this study and
the results are illustrated in Fig S10. For O3 alone, the formed
bromate reached 2.93 μM after 15 min reaction, however, the
bromate generation was negligible during UV/O3 process, which
could be explained by the low aqueous O3 concentrations under

UV irradiation and the UV photolysis of produced HOBr/OBr− and
BrO3 − (Zhang et al., 2010). Interestingly, the bromate formation
in UV/O3 /PDS process was higher than that in UV/O3 process and
reached 1.03 μM after 15 min even though the dissolved O3 was
also signiﬁcantly lower than O3 alone. It was reported that Br−
could also be oxidized by SO4 •− and converted into BrO3 − eventually with the involvement of HOBr/OBr− as reaction intermediates
(Fang and Shang, 2012). Therefore, instead of O3 molecule, reactive radicals (e.g., • OH and SO4 •− ) may dominate the formation of
bromate in UV/O3 /PDS process.
4. Conclusions
This study demonstrated that the integrated UV/O3 /PDS process
was of pronounced treatment capability, especially for O3 or UV refractory micropollutants, and had a high resistance to the inﬂuence
of pH, bicarbonate, chloride and the scavenging effect of NOM. The
kinetic model proposed in this study may beneﬁt the prediction
of the abatement eﬃciency of structurally diverse micropollutants
during water treatment consisting of O3 and/or UV/PDS scenarios.
Quantum chemical calculations were successfully applied to investigate the oxidation mechanisms and transformation pathways
of CA. However, it is still necessary to assess the performance of
UV/O3 /PDS process and modify the kinetic model in real wastew-
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ater or drinking water matrix with regard to the impact of matrix components, formation of oxidation byproducts and potential
toxicological effects. The theoretically proposed mechanisms need
to be further veriﬁed provided that thermodynamic results for the
corresponding reaction pathway can be obtained experimentally. In
addition, the combination of computer-based tools with advanced
analytical methods should be further employed to improve the understanding of oxidation mechanisms and prediction of products
distribution.
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