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Recently, derivates of parent polycyclic aromatic hydrocarbons (PAHs) have aroused increasing concerns due to
potential health problems they cause. In this study, we first found the coexistence of PAHs, chlorinated PAHs (ClPAHs), brominated PAHs (Br-PAHs) and oxygenated PAHs (OPAHs) in tap water. Twenty-six compounds
including 13 PAHs, 5 Cl-PAHs, 5 Br-PAHs, and 3 OPAHs were detected. Total concentrations of PAHs
(2.50–56.90 ng L− 1) and OPAHs (n.d. to 80.34 ng L− 1) were relatively higher than those of Cl-PAHs (0.30–11.28
ng L− 1) and Br-PAHs (n.d. to 8.20 ng L− 1). We calculated the 95th percentile incremental lifetime cancer risk
(ILCR) values of PAHs and HPAHs. In all sampling sites, although no ILCR values for PAHs and HPAHs were
higher than 1.00E-06, results still indicates there is still a low cancer risk existed. In addition, regional impact
was established by combining ILCR values with population density. Predicted cancer incidence (PCI, people
km− 2) was calculated to evaluate regional impact more comprehensively. The results were different from pre
vious hypothesis that sampling sites with high ILCR values may not necessarily present high regional impacts.
After total PCI of each district was summed, all calculated districts of Beijing, China were at low regional impact.
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1. Introduction
Parent polycyclic aromatic hydrocarbons (PAHs), as a class of car
cinogens or mutagens, are ubiquitous in environmental media (Bostrom
et al., 2002; Ma et al., 2010; Wu et al., 2011). However, the amount of
research on PAHs has gradually decreased as a result of the occurrence
of emerging pollutants. Recently, the derivatives of PAHs including
halogenated PAHs (HPAHs) and oxygenated PAHs (OPAHs) have been
frequently reported in various environmental media (Ohura et al., 2009;
Ding et al., 2013; Ohura et al., 2015; Wang et al., 2018). These derivates
have led to more concern than PAHs, as they could enter the human
body through haze, dermal and oral exposure in daily life. Furthermore,
PAHs derivatives may cause potential threats to human health due to
likely having higher toxicity than those of their corresponding PAHs. For
example, HPAHs including chlorinated PAHs (Cl-PAHs) and brominated
PAHs (Br-PAHs) were supposed to induce AhR activity similarly and
accumulated more easily in the human body due to their higher
octanal-water partition coefficient (log Kow) values (Ohura et al., 2007,
2009; Shen et al., 2016; Huang et al., 2018). OPAHs were suspected to
have stronger mutagenicity than that of their corresponding PAHs

(Mutlu et al., 2016; Shen et al., 2016). In other medium, such as air, soil
and vegetables, these PAHs derivates were all posed to cause the po
tential health risk (Sun et al., 2017; Ohura et al., 2018; Wang et al.,
2018). But it is unknown what health risks these HPAHs and OPAHs
could cause when present in tap water.
Recently, most studies of HPAHs and OPAHs in the environment
have intensively focused on the atmosphere (Albinet et al., 2008; Ohura
et al., 2009, 2018; Shen et al., 2012; Ma et al., 2013; Jin et al., 2017a,
2017b). The incomplete combustion of fossil fuels, municipal waste
incineration and automobile exhaust emissions lead to the occurrence of
HPAHs and OPAHs in the air (Horii et al., 2008; Sun et al., 2017;
Altarawneh et al., 2019). It is widely discussed that these compounds
emerge from complex reaction mechanisms that involve surface-assisted
coupling of precursors (Altarawneh et al., 2008, 2009b), and unim
olecular arrangements of parent direct precursors (Altarawneh et al.,
2009a). These HPAHs and OPAHs from this way in air could enter into
source waters by means of dry-wet deposition and surface runoff,
polluting the source water. Moreover, several recent studies indicated
that PAHs in source water could be transformed to HPAHs and OPAHs
during chlorination disinfection (Hu et al., 2006; Xu et al., 2018; Wei
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et al., 2019; Liu et al., 2020b; Xiao et al., 2020). The formation mech
anisms from this pathway are mainly because of electrophilic substitu
tion and single electron transfer reaction of hypochlorous acid (HOCl)
and hypobromous acid (HOBr) with PAHs (Xu et al., 2018; Liu et al.,

2020b). Furthermore, previous studies reported the existence of OPAHs
and the coexistence of PAHs and HPAHs in tap water (Tillner et al.,
2013; Liu et al., 2019). HPAHs and OPAHs were present in tap water at
ng L− 1 levels (Tillner et al., 2013; Liu et al., 2019). However, previous

Fig. 1. Distribution of 48 sampling sites in Beijing, China. Area A presents the urban district; Area B presents the suburban district.
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studies were limited to results presentation of several points with a small
regional range. It cannot present the detailed spatial distribution of
concentration, and whether more PAHs derivates will occur in tap water
in a larger region. In addition, these studies did not present the results of
health risk assessments. It was still meaningful to evaluate the health
risk assessment introduced by these compounds using limited toxicity
data. Thus, a broad investigation in a megacity including spatial distri
bution and risk level is essential to evaluate the safety of tap water
quality.
The traditional human health risk assessment based on the USEPA is
used to evaluate the cancer incidence caused by a class of compounds
(USEPA, 1992). However, this evaluation method only presents risk
level and cannot evaluate the regional impact with different population
densities. In an epidemic survey, population density played a key role in
the regional impact. Generally, a high population density indicated high
transmission potential and high incidence (Mills and Riley, 2014; Dalziel
et al., 2018; Li et al., 2018). We translated this to pollutants in the
environment. As population density is introduced, regional impact of a
class of compounds can be established, which could be completely
different from human health risk assessment. However, it needs to be
evaluated whether regional impact can present the same results as those
in epidemic surveys.
Therefore, the objective of this study was to comprehensively eval
uate the influence of regional impact on traditional health risk assess
ment. For this reason, we first investigated the occurrence and
concentration distribution of PAHs, HPAHs and OPAHs in tap water in a
megacity. In addition, we utilised the available toxicity data to calculate
the incremental lifetime cancer risk (ILCR) of PAHs and HPAHs.
Furthermore, the regional impact was established by combining ILCR
values with the population density obtained by accurate satellite remote
sensing. On this account, we obtained the predicted cancer incidence
(PCI, people km− 2) to comprehensively evaluate the regional impact.

Loveland, CO, USA) on site (SI Table S2). Then, the samples were stored
in amber glass bottles without headspace, transferred to the laboratory,
and finally refrigerated at 4 ◦ C in the dark until pretreatment within 24
h.
2.3. Sample preparation
The sample preparation method was described in a previous study
(Liu et al., 2019). All tap water samples were filtered through a 0.7 µm
glass fibre filter membrane (Millipore). Each sampling site was analysed
in duplicate. Two litres of filtered tap water for each sample was pre
pared after adding Phe-d10 as a surrogate standard. Then, target com
pounds were extracted from tap water samples using solid-phase
extraction (SPE) with Supelclean™ LC-18 cartridges (500 mg, 6 mL,
Supelco, Bellefonte, PA, USA) successively conditioned by 5 mL of DCM,
MeOH and ultrapure water. Then, the cartridges were eluted with 10 mL
of DCM. After being dried with anhydrous sodium sulfate (99.5%,
guaranteed reagent, Sinopharm Chemical Reagent, Beijing, China), the
crude extracts were exchanged with HEX and concentrated to 0.3 mL
under high purity nitrogen (purity > 99.99%). Finally, hexa
chlorobenzene was injected into the samples as an internal standard,
and the concentrates were fixed to 0.5 mL and stored in at − 20 ◦ C for gas
chromatography-mass spectrometry (GC-MS) analysis.
2.4. Chemical analysis
The quantification of PAHs, HPAHs and OPAHs was implemented by
an Agilent 6890 gas chromatograph equipped with an Agilent 5975C
quadrupole mass-selective detection system (Santa Clara, CA, USA). The
method was according to our previous study (Liu et al., 2019). The
column was DB-5MS (30 m × 0.25 mm × 0.25 µm, Agilent). The oven
temperature was programmed with an initial temperature of 60 ◦ C, held
for 2 min, then increased at a rate of 10 ◦ C min− 1 to a final of temper
ature 300 ◦ C, and held for another 10 min. Helium was used as the
carrier gas with a flow rate of 1.0 mL min− 1 in constant flow mode. The
injection volume for all the samples was 1 μL under splitless mode.
Quantification was performed under SIM mode.

2. Methods and materials
2.1. Chemical reagents
Fifty-four reference standards, including those of 16 PAHs, 21 ClPAHs, 13 Br-PAHs and 4 OPAHs, were purchased from different man
ufacturers or synthesised by our laboratory. And confirmation of 11
synthesised standard was referenced to our previous study (Xu et al.,
2018; Liu et al., 2020b). Detailed name, abbreviation, formula, CAS
number, mass weight, and manufacturer information of 54 compounds
are shown in Supporting Information (SI) Table S1.
Dichloromethane (DCM), n-hexane (HEX) and methanol (MeOH)
were purchased from Thermo Fisher Scientific (Waltham, MA, USA)
with HPLC grade. Hexachlorobenzene was purchased by AccuStandard
(New Haven, CT, USA). Ultrapure water (18.2 MΩ cm) was generated by
a Milli-Q purification system (Millipore, Billerica, MA, USA) for the
experimental procedures.

2.5. QA/QC
The recoveries for 16 PAHs, 21 Cl-PAHs, 13 Br-PAHs and 4 OPAHs
ranged from 62.42% to 120.78%. The mean recovery of Phe-d10 as a
surrogate standard was 86.27 ± 12.10% (n = 98 including 96 actual
samples and 2 blank samples). The performance of the method was
evaluated using the linear range and residual square value (R2) for
external quantification. The R2 ranged from 0.9921 to 0.9999. Limits of
detection (LODs) were defined with a signal-to-noise ratio (S/N) of 3,
and limits of quantification (LOQs) were defined with S/N of 10. In this
study, LODs and LOQs were controlled at 0.25–1 ng mL− 1 and
0.25–2 ng mL− 1, respectively. Combining these parameters with our
previous study, this method can reflect the real concentration of target
compounds in tap water (Liu et al., 2019). Detailed QA/QC experimental
parameters are listed in SI Table S3 and S4.
It is worth noting that the actual measurement results were corrected
with blanks, and the results below LOQ were not given up in order to fit a
complete result using ArcGIS.

2.2. Sample collection
Beijing, China, was set as the sampling area due to the high popu
lation density. Forty-eight sampling sites (S1–S48) were set (Fig. 1).
Sites S1–S36 (Area A) were set in urban areas using the grid point layout
method, where each grid was a square of 5 kilometres and sampling sites
were set as close as possible to the centre of the grid. S37–S48 (Area B)
were suburban areas. Each district around the urban area including
Changping district, Fangshan district, Tongzhou district, Shunyi district,
Daxing district, and Mentougou district, was set up with two sampling
sites according to population density (SI Fig. S1). Tap water samples
were collected from April to June 2019 after tap water at each site ran
for 3 min. Water quality parameters of each sample, including pH,
temperature, oxidation reduction potential and conductivity were
measured by a portable multiparameter water quality analyser (HACH,

2.6. Risk assessment
2.6.1. Calculation of toxic equivalency quotients
The toxic equivalency quotients (TEQs) of PAHs and HPAHs in tap
water samples were calculated with Eqs. (1) and (2), respectively (Ding
et al., 2013; Wang et al., 2018). OPAHs were not evaluated in this study
due to the lack of toxicity data:
TEQPAHs = Σci × TEFBaP,
3
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(2)

3. Results and discussion
3.1. Occurrence and distribution of PAHs, HPAHs and OPAHs

where c is the concentration, i and j represent an individual PAH and
HPAH, respectively, TEFBaP, i is the toxic equivalency factor of an indi
vidual PAH marked “i” compared to that of BaP, which was obtained
from a previous study (Nisbet et al., 1992), and REPBaP,j is the relative
potency of an individual HPAH marked “j” compared to that of BaP,
which was obtained from research on AhR activity using a yeast assay
(Ohura et al., 2009). Detailed REPBaP and TEFBaP data are listed in SI
Table S5.

3.1.1. Occurrence
Fifty-four kinds of compounds were analysed in this study. It was
worth noting that we choose these 54 kinds of compounds mainly
because most of these PAHs derivates can be transformed by their parent
during chlorination disinfection based on our previous research results
(Xu et al., 2018; Liu et al., 2020b). In order to investigate the existing
condition of these compounds in tap water, these standards were pur
chased and synthesised. Of the 54 kinds of chemical compounds that we
analysed, 26 compounds were detected, including 13 PAHs, 5 Cl-PAH, 5
Br-PAHs and 3 OPAHs. The statistical results of the detected compounds
are shown in Table 1, including the detection rate, mean, median and
concentration range. For PAHs, the detection rates of 11 PAHs were over
50%. Three PAHs, Acy, Ant and BaA, were detected in all samples; for
Cl-PAHs, 5,6-diCl-Ace was detected in all samples. The detection rates of
the other Cl-PAHs were lower than 50%; for Br-PAHs, 1-Br-Pyr had
detection rates of 54%. The other Br-PAHs had detection rates below
50%; for OPAHs, Acn, 9,10-Anq and BaAQ had detection rates of 81,
94% and 27%, respectively. The total concentrations of PAHs, Cl-PAHs,
Br-PAHs and OPAHs ranged from 2.50–56.90, 0.30–11.28, n.
d.–8.20 ng L− 1 to n.d.–80.34 ng L− 1, respectively. The order of the mean
total concentration was ΣOPAHs > ΣPAHs > ΣCl-PAHs > ΣBr-PAHs.
In previous studies, PAHs have been identified to be existing in tap
water with total concentrations from 21 to 215 ng L− 1 level (Jin et al.,
2019; Liu et al., 2019). In our study, we detected concentrations at the
same order of magnitude for total PAHs. PAHs in tap water were mainly
suspected to originate from drinking water distribution systems, such as
coatings of water pipes, and rarely from source water (Tillner et al.,
2013). However, a previous study similarly found PAHs with a total
concentration from 174.0 to 658.4 ng L− 1 in the outlet water of a
drinking water plant (Xin et al., 2011). Therefore, it was difficult to
distinguish the specific source of PAHs using associations and ratios of
individual PAHs (Zhuo et al., 2017; Hu et al., 2019), due to the function
of the drinking water treatment process and long-distance trans
portation of the pipe network. However, the detection of PAHs in tap
water indicated the common existence and need more attention.
For HPAHs and OPAHs, this was the first systematic investigation of
HPAHs and OPAHs in the tap water of a megalopolis. Previous studies
reported the presence of 9-Cl-Phe (n.d.–1.9 ng L− 1), 1-Cl-Pyr (n.
d.–15 ng L− 1) and 9,10-Anq (n.d.–55 ng L− 1) with ng L− 1 concentra
tions in drinking water (Shiraishi et al., 1985; Tillner et al., 2013; Wang
et al., 2016; Liu et al., 2019). In our previous study, we first reported the
presence
of
5,6-diCl-Ace
(0.22–0.41 ng L− 1),
1-Br-Pyr
(0.45–0.54 ng L− 1), 1,6-diBr-Pyr (0.61–0.68 ng L− 1) and 6-Br-BaP
(1.07–1.56 ng L− 1), and revealed the coexistence of PAHs and HPAHs
in drinking water (Liu et al., 2019). And, in this study, we not only
detected the above compounds, but also first detected 3-Cl-Ace,
5-Cl-Ace, 3-Br-Flt, 1,8-diBr-Pyr, Acn and BaAQ in drinking water.
However, due to the commercial unavailability of standards, several
compounds such as 3-chlorofluranthene, 2-chloroanthracene, 9,
9-dichlorofluorene and fluorenone which were detected in previous
studies were not detected (Tillner et al., 2013; Wang et al., 2016).
However, our study indicated that PAHs, HPAHs, and even OPAHs
coexisted in tap water, although these compounds existed at relatively
low concentrations.

2.6.2. Cancer risk assessment
The incremental lifetime cancer risk (ILCR) of oral exposure through
tap water consumption was calculated by Eq. (3) (Wu et al., 2011; Ding
et al., 2013; Wang et al., 2018):
ILCR = TEQPAHs/HPAHs × SF × IRj × EDj × EFj / (BWj × ATj)

(3)

where TEQPAHs/HPAHs is the toxic equivalency quotient (ng L− 1) of PAHs
or HPAHs, SF is the oral cancer slope factor of BaP (7.3 (mg (kg d)− 1)− 1)
(Wu et al., 2011), IRj is the ingestion rate of water for age group j (L d− 1);
EDj is the exposure duration for group j (year), EFj is the exposure fre
quency (d y− 1) for group j (year), BWj is the body weight (kg) for group j
(year), and AT is the average time (d). The crowd was divided into 8
groups according to gender and age: all the life times (all), children (<
10 years), teens (10–20 years) and adults (20–70 years). The corre
sponding data originate from a previous study (Wu et al., 2011).
Detailed age classification and risk assessment model parameters are
listed in SI Table S6.
2.6.3. Calculation of the cancer incidence
We first calculated the predicted cancer incidence (PCI) by means of
accurate population density (PD) data obtained by satellite remote
sensing (Bright et al., 2016). We corresponded the risk value of each
sampling site to the population density (SI Fig. S1) according to Eq. (4)
to obtain a more accurate graphic of incidence using a grid as a unit; and
summed the incidence of each district to obtain a PCI of individual
districts according to Eq. (5):
PCIi = ILCRi × PDi

(4)

PCI = ΣPCIi

(5)

where i is the sample site, PCIi is the predicted cancer incidence of 1 km2
in the sample point i area under this model, PCI is the predicted cancer
incidence of individual districts, ILCRi is the incremental lifetime cancer
risk for sampling site i, and PDi is the population density (people km− 2).
2.7. Data processing
The distribution of total concentration of PAHs, Cl-PAHs, Br-PAHs,
and OPAHs was determined using the inverse distance weighting
method of the Geostatistical Analyst Toolbox of ArcGIS 10.6. The pop
ulation and total incidence of each district were summed by Zonesta
tistics by ArcGIS 10.6.
The 95th ILCR values were calculated by Oracle Crystal Ball 11.1.2.4,
and the relevant parameters including IR and BW were determined to be
lognormal. The sampling method used Monte Carlo simulation with
10,000 tests.
It was noted that the 95th ILCR values were predicted to characterise
the maximum ILCR values by Oracle Crystal Ball. However, ILCR values
calculated by average parameters were used for the calculation of PCI to
obtain more accurate results.

3.1.2. Concentration composition
Fig. 2. showed the concentration composition of PAHs, HPAHs and
OPAHs in tap water of each sampling sites. For PAHs, it is obviously
observed that PAHs with three and four rings account for a large pro
portion. Among that, the maximum proportion of BaA and Flt reached
53% and 44%. PAHs with two rings, namely Nap, similarly occupied a
higher proportion in several sites, such as S40, S22 and S21. PAHs with
4

Q. Liu et al.

Journal of Hazardous Materials 413 (2021) 125360

Table 1
Statistical results of 26 detected PAHs, HPAHs and OPAHs.
Category

Compound

Abbreviation

Detection

Mean ± SD (ng L− 1)

Median (ng L− 1)

Range (ng L− 1)

PAHs

Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[a]pyrene
Benzo[e]pyrene
Indeno[1,2,3-cd]pyrene
ΣPAHs
3-Chloroacenaphthene
5-Chloroacenaphthene
5,6-Dichloroacenaphthene
9-Chlorophenanthrene
1-Chloropyrene
ΣCl-PAHs
3-Bromofluoranthene
1-Bromopyrene
1,6-Dibromopyrene
1,8-Dibromopyrene
6-Bromobenzo[a]pyrene
ΣBr-PAHs
1-Acenaphthenone
9,10-anthraquinone
Benz[a]anthracene-7,12-dione
ΣOPAHs

Nap
Acy
Ace
Flu
Phe
Ant
Flt
Pyr
BaA
Chry
BaP
BeP
Ipy

75%
100%
56%
71%
52%
100%
96%
50%
100%
56%
60%
23%
8%

3-Cl-Ace
5-Cl-ace
5,6-diCl-Ace
9-Cl-Phe
1-Cl-Pyr

13%
8%
100%
48%
17%

3-Br-Flt
1-Br-Pyr
1,6-diBr-Pyr
1,8-diBr-Pyr
6-Br-BaP

15%
54%
38%
46%
27%

Acn
9,10-Anq
BaAQ

81%
94%
27%

2.33 ± 3.69
0.43 ± 0.26
0.15 ± 0.24
1.19 ± 1.75
1.93 ± 3.54
0.80 ± 0.61
2.37 ± 2.35
0.46 ± 1.14
2.15 ± 1.02
0.19 ± 0.23
0.13 ± 0.21
0.23 ± 0.44
0.08 ± 0.27
12.45 ± 11.68
0.02 ± 0.08
0.07 ± 0.23
1.46 ± 0.91
0.07 ± 0.15
0.47 ± 1.41
2.10 ± 1.80
0.50 ± 1.21
0.65 ± 0.63
0.11 ± 0.20
0.28 ± 0.33
0.31 ± 0.55
1.84 ± 2.32
2.58 ± 2.59
10.43 ± 18.15
1.21 ± 2.26
14.22 ± 19.79

1.22
0.42
0.01
0.60
0.19
0.65
1.77
0.01
1.98
0.09
0.04
n.d.
n.d.
8.29
n.d.
n.d.
1.36
n.d.
n.d.
1.55
n.d.
0.65
n.d.
n.d.
n.d.
1.15
2.01
1.08
n.d.
4.47

n.d.− 18.85
0.09–1.31
n.d.− 1.17
n.d.− 8.19
n.d.− 20.15
0.05–2.72
n.d.− 11.17
n.d.− 6.31
0.45–4.91
n.d.− 0.80
n.d.− 1.10
n.d.− 1.37
n.d.− 1.24
2.50–56.90
n.d.− 0.37
n.d.− 0.95
0.22–4.29
n.d.− 0.76
n.d.− 8.71
0.30–11.28
n.d.− 3.86
n.d.− 1.62
n.d.− 0.79
n.d.− 1.10
n.d.− 1.67
n.d.− 8.20
n.d.− 9.27
n.d.− 72.49
n.d.− 10.71
n.d.− 80.34

Cl-PAHs

Br-PAHs

OPAHs

five and six rings account for a small proportion in tap water. But it was
still required to note that the proportion of BaP in several sites were
more than 10%, such as S9 (17%) and S10 (11%). For HPAHs, the
concentration proportion of Cl-PAHs were slightly higher than that of
Br-PAHs. Among Cl-PAHs, 5,6-diCl-Ace, 9-Cl-Phe and 1-Cl-Pyr all
occupied a dominant proportion in different sites. But 5,6-diCl-Ace
accounted for a larger proportion in the most sites; 1-Cl-Pyr had a
larger proportion in several sites, and even reached 78% in S27; 9-Cl-Phe
was only dominated in S1. As for Br-PAHs, there was not an obviously
dominant compound. Five Br-PAHs all occupied a certain dominant
proportion. The maximums of 3-Br-Flt, 1-Br-Pyr and 6-Br-BaP reached
56%, 64% and 46%, respectively. For OPAHs, 9,10-Anq was the domi
nant species in most sites basically and its concentration is relatively
higher than the other two OPAHs. BaAQ account for a larger proportion
in S45, S37 and S21.
In previous studies, Tillner et al. (2013) reported that Phe and Flt
accounted for a large proportion in tap water. Jin et al. (2019) reported
that Nap and Acy occupied a higher proportion in tap water of Hang
zhou, China. PAHs with five or higher rings were in a small proportion.
But it cannot be ignored due to the serious health effect they cause.
Above results were all similar with this study, which indicated PAHs
exists in a certain proportion in tap water. However, the concentration
compositions of PAHs and HPAHs in tap water were different from those
in particulate phase in urban air. Their results indicated that BaP, Pyr,
6-Cl-BaP and 6-Br-BaP accounted for a large proportion in particulates
(Ohura et al., 2009). In fly ash samples from waste incinerators, Phe, Flu,
6-Cl-BaP and 1-Br-Pyr occupied a large proportion (Horii et al., 2008).
These results indicated that compositions of PAHs and HPAHs in par
ticulates and fly ash were different from those in tap water. Besides, 9,
10-Anq was posed to occupy a large proportion in tap water (Tillner
et al., 2013), which was accordance with this study.

processed by ArcGIS 10.6, and concentrations in Area B were marked on
sampling sites, as sampling sites in Area B were further in distance than
those in Area A. In general, the distribution of total concentrations for
PAHs, Cl-PAHs, Br-PAHs and OPAHs were characteristic in the city. For
PAHs, the highest concentration sites occurred in the eastern area, fol
lowed by those in the western and southern area. For Cl-PAHs, the
distribution of total concentration in the south and north was higher
than that in the east and west. For Br-PAHs, the highest concentration
sites occurred in the central and western areas, and the northeastern
area also showed a relatively high concentration. For OPAHs, the
highest concentration sites occurred in the northern area. In addition,
we similarly estimated that the concentration distribution of 26 indi
vidual detected compounds in Beijing, which are shown in SI
Figs. S2–S27, which were similarly processed like Fig. 3. For individual
PAHs, such as Ace, Ant, Flu, Flt, Pyr and BaA, their concentrations in the
eastern and northern areas were significantly higher than those in the
western and southern areas. In contrast, for individual Cl-PAHs,
including 3-Cl-Ace, 5-Cl-Ace and 9-Cl-Phe, the highest concentrations
occurred in the central area. For 5,6-diCl-Ace, as a compound with a
detection rate of 100%, the highest concentration occurred in the central
and southwest areas. Individual Br-PAHs and OPAHs such as 1-Br-Pyr,
1,6-diBr-Pyr, 6-Br-BaP, 9,10-Anq and BaAQ, presented relatively high
spatial consistency. The highest concentrations of Br-PAHs and OPAHs
occurred in the central and northeastern areas.
In terms of total concentration, relatively high concentrations of
PAHs and OPAHs may cause more serious health hazards. We first found
the universal existence of high concentrations of OPAHs in tap water in a
megacity. And it was needed to attract more attention. The spatial dis
tribution of the total concentration of Br-PAHs in the northeastern area,
which showed the highest concentrations, was in accordance with that
of the total concentration of OPAHs. In addition, the strong consistency
of high individual Br-PAHs and OPAHs occurring in the central area and
northeastern area could mean the Br-PAHs and OPAHs share a source.
And it still needs to be noted that OPAHs presented higher concentration
in the north, Br-PAHs in the centra and Cl-PAHs in the south. The highest
concentration distribution of OPAHs, Br-PAHs and Cl-PAHs moved

3.1.3. Spatial distribution
We estimated the distribution of total concentration of PAHs, ClPAHs, Br-PAHs, and OPAHs, which are shown in Fig. 3. It needs to be
noted that in order to make the data more accurate, Area A was
5
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Fig. 2. Concentration compositions of PAHs
(A), HPAHs (B) and OPAHs (C) in tap water of
each sampling site. In (A), blue pattern repre
sents PAHs with two rings; yellow pattern rep
resents PAHs with three rings; orange pattern
represents PAHs with four rings; brown pattern
represents PAHs with five and six rings. In (B),
green and red patterns represent Cl-PAHs and
Br-PAHs, respectively. In (C), light grey, me
dium grey and charcoal grey patterns represent
Acn, 9,10-Anq and BaAQ, respectively. Blank
columns represented the not detected sampling
sites. (For interpretation of the references to
colour in this figure legend, the reader is
referred to the web version of this article.)

southward, which mean that their formation can be in pipeline network.
In order to find the sources of HPAHs and OPAHs, we calculated the
Pearson correlation coefficient among the water quality parameters and
the total concentrations (SI Fig. S28). The results showed that temper
ature, and ΣPAHs and ΣOPAHs presented the moderate negative cor
relation (coefficient = − 0.4066 and − 0.4342, p < 0.05). But it cannot
elucidate the sources of these compounds. The ΣOPAHs and ΣBr-PAHs
presented the weak positive correlation (coefficient = 0.2398, p < 0.05),
which may indicate the same sources as we mentioned above. As we
known, tap water of Beijing need to go through long-distance pipe
network transportation. Free chlorine in the pipe network can largely
influence the transformation of PAHs in water. And in our previous
study, 10 HPAHs detected in this article were the halogenated products
of their corresponding PAHs. Even the transformation rates of 9,10-Anq
and BaAQ even reached 50% (Liu et al., 2020b). Thus, these PAHs
derivates were more likely from the transformation of PAHs during
chlorination disinfection. However, we could not determine the source
exactly, although theoretical evidence indicated that chlorination
disinfection during drinking treatment can lead to formation of HPAHs
and OPAHs (Oyler et al., 1982; Mori et al., 1993; Hu et al., 2006; Ye
et al., 2017; Xu et al., 2018; Xiao et al., 2019; Liu et al., 2020a, 2020b).
Additionally, the atmospheric dry-wet deposition function similarly
leads to the presence of Br-PAHs and OPAHs. The sources of these PAHs
derivates need to be explored in the further study.

shown in SI Fig. S29, which was similarly processed like Fig. 3. The
TEQPAHs values ranged from 0.06 to 1.26 ng L− 1. The highest TEQPAHs
values were found at sites in the central and northeastern areas. The
TEQHPAHs values ranged from 0 to 0.87 ng L− 1. The highest TEQHPAHs
values were found at sites in the southern and northern areas. A high
TEQ indicates a high health risk later in the model calculation. In
addition, the TEQPAHs value distribution was significantly different from
that of the total concentration of PAHs. This was because several PAHs,
such as BaP, BaA and Ipy, have relatively high TEF values, which leads
to a larger weighting proportion in the calculation of TEQPAHs. However,
the TEQHPAHs value distribution was similar to that of the total con
centration of Cl-PAHs. This was because we only obtained the toxicity
data of 4 HPAHs, 9-Cl-Phe, 1-Cl-Pyr, 1-Br-Pyr and 6-Br-BaP. And 1-ClPyr was present at higher concentrations and presented higher REP
values than those of the other 3 compounds. Even so, it was necessary to
evaluate the health risk caused by HPAHs using limited toxicity data.
The 95th percentile ILCR values from tap water exposure for all,
adults, teens and children of 48 sampling sites in Beijing, China, are
shown in Fig. 4. For the groups, the ranking of age groups was mainly
decided by the exposure duration; therefore, adults exhibited the highest
risk. Children and teens had the same exposure duration, therefore the
ranking was decided by body weight, and children had a higher risk than
teens. Therefore, for both PAHs and HPAHs, we concluded for the age
groups that the ILCR values were in the order of adults > children
> teens. The results were in accordance with those of a previous study
(Wu et al., 2011). Furthermore, the ILCR values of group All were used
to evaluate the risk level.
The level of ILCR values was determined by the TEQ concentration.

3.2. Health risk assessment of PAHs and HPAHs
TEQs related to BaP distribution profiles of PAHs and HPAHs are
6
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Fig. 3. Distribution of total concentration profiles of PAHs, Cl-PAHs, Br-PAHs and OPAHs in tap water in Beijing, China.

Therefore, the level distribution of ILCR values was similar to the TEQ
concentration. For PAHs, the five highest ILCR values occurred at Site 9
(5.55E-07), Site 15 (5.34E-07), Site 44 (3.50E-07), Site 26 (3.26E-07)
and Site 16 (2.66E-07). These sites were mainly located in the central
and northeastern areas, which was similar to the TEQPAHs value distri
bution. For HPAHs, the five highest ILCR values occurred at Site 29
(3.86E-07), Site 27 (1.20E-07), Site 33 (1.14E-07), Site 34 (1.13E-07)
and Site 37 (1.08E-07). These sites were mainly located in the southern
and northern areas, which was similar to the TEQHPAHs value
distribution.
It is generally acceptable that an ILCR value less than 1.00E-06
means a low cancer risk, 1.00E-06–1.00E-04 means a potential cancer
risk, and 1.00E-04 means a high cancer risk (USEPA, 2016). As shown in
Fig. 4, although no ILCR values for PAHs and HPAHs were greater than
1.00E-06, it still needs attention that 73% of ILCR values for PAHs (35
sampling sites) and 10% of ILCR values for HPAHs (5 sampling sites)
were greater than 1.00E-07, which indicated that there is still a low
cancer risk existed. In addition, the ILCR values of HPAHs were lower
than those of PAHs, and it should be noted that 10 HPAHs were detected;
however, only 4 HPAHs have available toxicity data. Relatively higher
concentration of 5,6-diCl-Ace, 1,6-diBr-Pyr and 1,8-diBr-Pyr were
observed, but we were unable to calculate their TEQs. Therefore, the

cancer risk of the detected HPAHs may be underestimated. Jin et al.
reported that the cancer risk of PAHs in tap water in Guangzhou, China,
ranged from 1.00E-08 to 1.00E-06 (Jin et al., 2019). Song et al. (2014)
reported the health risk level for drinking water plant effluents in 36
major cities in China. Cancer risk values of 6.01E-09–7.12E-06 were
observed for PAHs, indicating a relatively low health risk level in China.
Zhang et al. (2019) reported a mean cancer risk level of 1.00E-07 for
drinking water ingestion on a national scale. Our research similarly
showed a lower cancer risk for PAHs. For HPAHs, to our knowledge, we
investigated their health risk level in tap water in China and even
worldwide for the first time. Our results showed that HPAHs exhibited at
a low cancer risk level. In addition, the maximum total concentration of
OPAHs was even higher than that of PAHs. Although previous studies
revealed OPAHs induced stronger mutagenicity than their PAHs (Mutlu
et al., 2016; Shen et al., 2016), toxicity data of OPAHs based on risk
assessment were not available. Therefore, we could not assess the cancer
risk of OPAHs, which may cause more serious health effects than PAHs.
3.3. Regional impact of PAHs and HPAHs
Although PAHs and HPAHs were at low cancer risk levels in Beijing,
their regional impact could be underestimated for Beijing, China, which
7
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Fig. 4. The 95th percentile ILCR values from tap water exposure for all, adults, teens and children at 48 sampling sites in Beijing, China.

has a high population density. Therefore, PCI was used to present the
regional impact. PCI distribution graphics generated with PAHs and
HPAHs data are shown in Fig. 5. We present the PCI results of all the
lifetime calculated by average parameters corresponding to PAHs and
HPAHs exposure in the graphics. The ILCR values calculated by average
parameters from tap water exposure for all, adults, teens and children of
48 sampling sites in Beijing, China, are shown in SI Fig. S30. In the PCI
distribution, the PCI of PAHs (PCIPAHs) was higher than the PCI of
HPAHs (PCIHPAHs) due to their higher ILCR values: PCIPAHs values
ranged from 0 to 8.41E-03 people km− 2. The incidence in the central city
of Beijing was significantly higher than that in the surrounding areas,
which was slightly different from the distribution of ILCR values and in
accordance with the population density distribution; PCIHPAHs values
ranged from 0 to 2.13E-03 people km− 2. The PCIHPAHs distribution was
similar to the distribution of ILCR values. The maximum incidence
occurred in the southern and northern areas. In addition, compared to
those of PAHs, the PCIHPAHs were significantly lower.
To evaluate the PCI based on population density, 36 sampling sites in
urban areas were used due to the same 25 grids of population density.
The risk ranks and PCI ranks of PAHs and HPAHs are shown in Fig. 6.
There was a significant change in the ranks of both PAHs and HPAHs.

The rank of sampling sites with relatively high population densities
presented an increasing trend. Specifically, the population density had
small impacts on the sites with higher risk ranks such as Sites 9, 15, 26
and 16 for PAHs, and Sites 29, 27, 33 and 34 for HPAHs. However, for
sampling sites with relatively low risk ranks but a high population
density, there was a significant increase in the PCI ranks. For example,
for PAHs, the risk ranks of Sites 22 and 11 were No. 31 and No. 35,
respectively. After their high population densities were superposed, the
PCI ranks became No. 13 and No. 18 and increased by 18 and 17,
respectively. Similarly, for HPAHs, the rank of Sites 11 and 8 has risen by
9 and 7, respectively. In contrast, for sampling sites with relatively high
risk ranks but a low population density, there was a significant decrease
in the PCI rank. As a result, for Sites 35 and 36 for PAHs, the risk ranks
were No. 9 and No. 18, respectively. After their low population densities
were superposed, their PCI ranks became No. 26 and No. 32, decreasing
by 17 and 14, respectively. Similarly, for HPAHs, the rank of Sites 31 and
12 decreased by 8 and 7, respectively.
It should be noted that the degree of rank change of HPAHs was
relatively lower compared to that of PAHs because the ILCR values
calculated by concentration were similar, and several values were even
zero due to the lack of toxicity data. However, changes in HPAHs ranks

Fig. 5. PCIPAHs and PCIHPAHs distribution profile in Beijing, China. The left was the PCIPAHs and the right was the PCIHPAHs.
8
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Fig. 6. Risk rank, PCI rank and rank change of PAHs and HPAHs of 36 sampling sites in central district of Beijing, China. Note: a Risk rank indicates the rank number
of the ILCR value corresponding to the sampling site, and a lower rank number means a higher ILCR value; b PCI rank indicates the rank number of the PCI value
corresponding to the sampling site, and a lower rank number means a higher PCI value; c indicates the rank changes from risk rank to PCI rank.

could still be observed.
In general, after we added the population density to the risk assess
ment data, the ranks of regional impact exhibited significant changes. A
more comprehensive evaluation combining ILCR values with population
density was established. The results were different from previous
cognition that sampling sites with relatively high ILCR values may not
necessarily present a high regional impact; moreover, sample sites with
relatively low ILCR values may not necessarily present a low regional
impact. Thus, PCI combined with population density presented a more
comprehensive view to evaluate regional impact.
In addition, total PCIPAHs and PCIHPAHs values for each district were
evaluated, and compared to PCI1.0E-06 by multiplying the population for
each district by the low cancer risk value (1.0E-06), and the results are
shown in Table 2. The total PCIPAHs value for each district ranged from
0.005 to 0.275 (people). The maximum total incidence occurred in
Chaoyang district (0.275 people), followed by that in Haidian district
(0.267 people) and Xicheng district (0.183 people). The total PCIHPAHs
value for each district ranged from 0.001 to 0.053 (people). The
maximum total incidence occurred in Chaoyang district (0.053 people),
followed by that in Fengtai district (0.039 people) and Changping dis
trict (0.036 people). Based on the above results, regional impacts of each
district were all lower than the corresponding PCI1.0E-06 values for both
PAHs and HPAHs. This was because PCIPAHs and PCIHPAHs were calcu
lated by the ILCR values using average parameters, and no ILCR values

Table 2
Total PCIPAHs and PCIHPAHs values for each district and standard comparison.
District

PCIPAHs

PCIHPAHs

PCI1.0E-06

Chaoyang
Fengtai
Shijingshan
Haidian
Mentougou
Shunyi
Changping
Huairou
Dongcheng
Xicheng
Fangshan
Tongzhou
Daxing

0.275
0.104
0.040
0.267
0.018
0.062
0.100
0.005
0.084
0.183
0.016
0.057
0.055

0.053
0.039
0.005
0.022
0.002
0.013
0.036
0.001
0.006
0.009
0.002
0.005
0.018

3.726
2.243
0.637
3.258
0.250
0.602
1.492
0.033
0.940
1.309
0.376
0.829
1.067

Note: a PCI1.0E-06 indicates PCI values calculated by population for each district
and low cancer risk (1.0E-06).

for both PAHs and HPAHs were higher than 1.0E-06. Therefore, all
calculated districts of Beijing, China, were at the low regional impact.
4. Conclusions
In this study, we found the coexistence of PAHs, HPAHs and OPAHs
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in tap water for the first time. Twenty-six compounds including 13
PAHs, 5 Cl-PAHs, 5 Br-PAHs, and 3 OPAHs were detected. The total
concentration levels of PAHs (2.50–56.90 ng L− 1) and OPAHs (n.d. to
80.34 ng L− 1) were relatively higher than those of Cl-PAHs
(0.30–11.28 ng L− 1) and Br-PAHs (n.d. to 8.20 ng L− 1). And the trends
of distribution of total concentration for PAHs, Cl-PAHs, Br-PAHs and
OPAHs were characteristic. In addition, we calculated the 95th
percentile ILCR values of PAHs and HPAHs. For both PAHs and HPAHs,
we concluded for the age groups that the ILCR values were in the order
of adults > children > teens. From the perspective of regional distri
bution, although no ILCR values for PAHs and HPAHs were higher than
1.00E-06, results still indicates there is still a low cancer risk existed. PCI
values combining ILCR values with the population density were calcu
lated to evaluate regional impact more comprehensively, which was
different from previous hypothesis that sampling sites with relatively
high ILCR values may not necessarily present high regional impacts;
moreover, sample sites with relatively low ILCR values may not neces
sarily present low regional impacts. The inclusion of population density
presented a more comprehensive view to evaluate regional impact.
Furthermore, total PCIPAHs and PCIHPAHs values for each district were
evaluated. Regional impacts of each district were all lower than the
corresponding PCI1.0E-06 values for both PAHs and HPAHs. Therefore, all
calculated districts of Beijing, China, were at the low regional impact.
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